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ABSTRACT

The effects of pH, CI', and dissolved organic carbon (DOC) on the kinetics of Hg* reduction to Hg’
were investigated in anoxic Fe’~H,O system. A reaction kinetic model was developed to describe sepa-
rately the surface-mediated and aqueous phase Hg reduction processes. The Hg*" was rapidly reduced
to Hg" in the presence of 2 g L™ Fe (0.42 m? L™') within 3 h although the presence of DOC significantly,
about an order of magnitude, reduced the reduction kinetics. The zero-valent iron (ZVI) surface area
normalized Hg* reduction rates varied between 0.5 and 2.74 m~ min. In the presence of 0.1-10 mg/L
DOC, the rates varied between 0.026 and 0.1 m™ min™. Modeling studies showed that the increase of
pH and NaCl concentrations and the decrease of DOC levels increased surface-mediated Hg* reduc-
tion rate. Higher pH seemed to increase the reduction rates and this was attributed to the enhanced
adsorption of Hg* to ZVI surface at higher pH. The CI- undergoes strong complexation with Hg* (i.e.,
HgCl", HgCl,, and HgCl,") and prevent the adsorption of Hg* to Fe’ surface and subsequent reduc-
tion. However, the enhanced corrosion and greater release of Fe* by the pitting corrosion process in
the presence of CI affected the overall Hg* reduction far more significantly, hence, increased Hg*
reduction was observed in the presence of CI~ in solution. The DOC seemed not only to decrease the
reactivity of Hg* by rendering strong complexation but also to prevent the adsorption of Hg* to the

Fe’ surfaces thus inhibiting surface reduction.

Keywords: Zero-valent iron; Mercury reduction kinetics; Mercury-contaminated wastewater;

Groundwater pollution

1. Introduction

As a contaminant with significant toxicity and envi-
ronmental persistence, and an ability to contaminate pris-
tine areas via atmospheric transport, mercury (Hg) is often
considered to be one of the most dangerous and ubiquitous
contaminants in various environmental media [1]. In addi-
tion to its occurrence in natural environments, Hg can be
easily found in solid wastes and wastewaters produced from
various industrial processes [2]. The major sources of Hg
in aquatic environments are considered to be atmospheric
deposition and surface runoff [3,4]. However, in some
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locations, Hg in groundwater could be a significant mercury
source depending on the hydrological and geochemical set-
tings of a water body [5,6]. Once it is released into the aquatic
environment, it transforms to methylmercury, a contaminant
which is highly neurotoxic and bioavailable, and poses sig-
nificant health concerns to aquatic ecosystems and humans.
Hence, the removal of Hg from wastewater and groundwater
has been extremely important.

Conventional materials used for removing Hg from
wastewaters include activated carbon [7], clay minerals [8],
zeolites [9], and iron(oxy)hydroxides [10]. To enhance the
Hg removal efficacy, thiol-functionalized clay [11], resins
[12], mesoporous silica [13], and porous aromatic framework
[14] are also synthesized and used as effective sorbents to
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remove Hg from wastewaters. Among those various materi-
als for treating mercury from wastewater and contaminated
groundwater [15], the use of zero-valent iron (ZVI), a strong,
environmentally friendly reducing agent, has drawn great
attention as an inexpensive and effective treatment based on
previous studies [16,17]. Recently, granular iron powder, ele-
mental copper, and attapulgite clay were chemically treated
with elemental sulfur (S), and the effectiveness of the result-
ing S-impregnated materials as reactive components for
groundwater Hg treatment was investigated [18,19].

There are several studies that have investigated Hg
removal mechanisms by ZVI. Mercury-contaminated
groundwater was treated by ZVI permeable reactive barriers,
and mineralogical studies conducted by scanning electron
microscopy/energy-dispersive X-ray spectroscopy and X-ray
absorption fine structure showed that mercury was precipi-
tated as mercury sulfide in the form of cinnabar and meta-
cinnabar [19]. Artificial Hg-contaminated groundwater was
mixed with granular iron fillings being composed of ZVI,
and an extended X-ray absorption fine structure (EXAFS)
study showed that the major removal mechanisms of Hg was
its precipitation onto ZVI corrosion products [18]. A simple
study showed that Hg*" was rapidly removed within 2 min in
the presence of nano-ZVI (nZVI), and the study proposed that
the reduction of Hg* to Hg” was an nZVI surface-mediated
phenomenon [17]. The product, Hg’ was subsequently
adsorbed on the nZVI surface.

Although several studies yielded results that prove the
effectiveness of ZVI in Hg removal from wastewaters and
groundwater, these did not provide detailed insights on
Hg removal mechanisms in the presence of environmen-
tal factors. For example, Hg* is strongly complexed with
various ligands, such as Cl;, OH-, and dissolved organic
carbon (DOC) [1], and when Hg?*" is complexed with those
ligands, the reaction between Hg*" and ZVI could be differ-
ent. In addition, CI- [20] and DOC [21] could affect the per-
formance of ZVI. In the present study, series of laboratory
batch experiments were conducted to investigate the kinetics
of Hg? reduction to Hg’ by commercially available ZVI in
anoxic environments. However, Cl-, DOC, and pH influence
on Hg? reduction rates were examined in the same system.
The release of Fe*  from ZVI and the reduction of Hg* by
Fe*  were also investigated. The overall results of this work
prov1de insights on Hg* removal by ZVI.

2. Materials and methods
2.1. Modeling approach

The dominant contaminant removal mechanism of ZVI
is known to be a surface-mediated process [22], though
ZVI could release Fe?" during its corrosion in water [23].
In such case, Hg*" could be reduced by both in aqueous
solution and at the ZVI surface. The reduction of Hg* by
ZVI was considered to occur either on the ZVI surface or
in aqueous solution. The reaction kinetic expression at the
ZVI surface and in aqueous solution was assumed to be as
follows [24-26]:

d[Hg"]

= ksSA [ngJr ]tol + kaq |:FeOH+j|[Hg2+ ]tot (1)

where [Hg] is the reduced elemental Hg concentration (M),
k. is the surface area normalized lumped first-order reaction
rate constant (min™ m), S, is the surface area of ZVI used in
this experiments (m?), [Hg*],, is the total Hg*" concentrations
in aqueous solution (M), k, is the aqueous phase Hg reduction
second order reaction rate constant (M1 min™), and [FeOH'] is
the aqueous phase FeOH' concentrations at a given pH.

In aqueous solution, it is assumed that Hg* is reduced to
Hg’ by an overall second-order kinetic expression with respect
to FeOH" and total Hg?* in aqueous solution. A previous study
[26] showed that FeOH" has higher activity compared with other
Fe* species, such as free Fe** and Fe(OH),, despite its presence
at significantly lower concentrations than other species, due to
its higher metal basicity and lower reduction potential (FeOH?*/
FeOH, E°=0.34 V; Fe*/Fe*, E° = 0.77 V). The concentra-
tions of FeOH" at a certain pH are calculated using the stability
reactions and constants summarized in Table 1.

In Eq. (1), the k,, was first evaluated using experimental
data obtained in experlments conducted in the presence of
ImMFe* without ZVI. Then, the Hg* reduction experiments
by ZVI were conducted and k, was evaluated by employing
Runge—Kutta order 4 and Visual Basic complier in Microsoft
Excel” at a fixed k. The k, was determined to minimize the
sum of squared errors between experimental data and model-
ing results. The standard deviation (68% confidence interval)
was evaluated using statistical methods [27]. In addition to the
kinetic modeling, WHAM?7 (version 7.0.5) was used to investi-
gate the equilibrium partitioning of metals to DOC [28].

2.2. Hg* reduction experiments

All solutions were prepared using deionized water
with resistivity of 18 MQ cm™ and American chemical soci-
ety reagent grade or higher grade chemicals purchased
from Acros Chemical (New Jersey, USA), Fisher Chemical
(Massachusetts, USA), and Sigma Aldrich (Missouri, USA).
All glassware and plasticware were serially soaked in deter-
gent and 50% concentrated HCI for >1 d, rinsed with deion-
ized water several times, and dried in a clean bench equipped
with an high efficiency particulate absorber filter.

Table 1
The complexation reactions of Fe** and Hg* in aqueous phase
and their stability constants [26]

# Reactions logK

1 Fe** + H,O = FeOH" + H" -94
2 Fe?" + 2H,0O = Fe(OH), + 2H" -20.49
3 Fe?" + 3H,0 = Fe(OH), + 3H" —-28.99
4 Hg(OH), + 2H* = Hg* + 2H,0 6.19
5 Hg(OH), + H' = HgOH" + 2H,0 2.8
6 Hg(OH), + H,0 = Hg(OH),”+ H" -14.9
7 Hg(OH), + 2H* + CI- = HgCl* + 2H,0 13.49
8 Hg(OH), + 2H" + 2CI" = HgCl, + 2H,0 20.19
9 Hg(OH), + 2H* + 3Cl = HgCl,~ + 2H,0 21.19
10 Hg(OH), + 2H" +4ClI"=HgCl> +2H,O  21.80
11 Hg(OH), + H' + CI- = HgCIOH + H,0 10.44
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All Hg* reduction experiments were conducted in 40 mL
amber serum bottles at 20°C (+3). The bottles were capped
with 3-mm thick butyl rubber stopper, which has air in and
out ports made of 1 mm diameter Teflon tubing. The bottles
were filled with 20 mL of deionized water buffered at pH 7.0
(+0.2) with 10 mM 4-(2-hydroxyethyl)-1-piperazineethanesul-
fonic acid (HEPEs). The 20 mL solution in 40 mL amber bottle
was purged with 99.9999% N, gas for 4 h with a flow rate of
50 mL/min to remove O, from the solution. While constantly
purging the solution, 20 pL of 10 uM HgCl, stock solution
(10 nM Hg?*) was added to the reactor. The Hg* reduction
experiments were initiated by adding 0.04 g of ZVI (Acros
(New Jersey, USA), 70 mesh, ~212 pm diameter, 0.21 m? g™).

To collect reduced Hg?, the purged out gas was passed
through 10 mL of 0.6% KMnQO, and 5% H,SO, in 15 mL poly-
propylene tubing [29]. A preliminary experiment showed
that the KMnO, solution was effective in capturing Hg’ in
gas stream. The KMnO, solution was replaced at 20, 40, 60,
90, 120, and 180 min and total Hg in the KMnO, was analyzed
using BrooksRand Model III cold vapor atomic fluorescence
detector and United States environmental protection agency
method 1631.To measure the Hg® adsorbed on to the ZVI sur-
face, the solution pH was lowered to 1.5 by adding 125 pL
concentrated HNO, and purged with N, gas for 60 min and
evaporated Hg” was trapped in 10 mL of KMnO, solution.
Then, 0.8 mL of water sample was taken after magnetic ZVI
separation using neodymium magnets (~3,000 Gs).

The effects of pH, DOC, and CI~ on Hg* reduction to Hg’
by ZVI were investigated. To investigate the pH effect, pH
6.0 (+0.2) 2-(N-morpholino)ethanesulfonic acid (MES) buf-
fer and pH 8.0 (+0.2) HEPEs buffer were used and both DOC
and CI- concentrations were fixed at zero during the exper-
iment. While fixing pH and NaCl concentrations at 7.0 and
zero, respectively, DOC concentrations were varied from 0.1
to 10 mg C/L by adding 1,000 mg C/L Suwanne River natu-
ral organic matter (International Humic Substances Society)
to explore DOC effects. The effects of NaCl on Hg* reduction
were examined by varying NaCl concentrations from 0.001 to
0.1 M properly adding 1 M NaCl, and pH and DOC concentra-
tions were 7.0 and zero, respectively, during the experiment.
When DOC and NaCl effects were investigated, the orders of
experiments were slightly modified. To fully complex Hg*
with DOC and CI, Hg* and DOC or CI- were added to the
20 mL buffered solution at the same time. The solution was
equilibrated for 4 h while constantly being purged with N,.
The Hg?" adsorption on humic acids occurs rapidly within 3 h,
according to the literature [30,31].

Since Fe*(_ ) is released from ZVI in Fe’-H,O system and
the Fe*_ could reduce Hg* in aqueous solution [26], sepa-
rate experlments were conducted using experimental setup
identical to Hg*" reduction experiments. After adding 0.04 g
ZVIto 20 mL solution, the 10-20 uL water samples were taken
at 30, 60, 90, 120, and 180 min and aqueous phase Fe*" was
measured by spectrophotometric method using FerroZine
[32]. To prevent oxygen intrusion to the solution, the sam-
ples were taken rapidly within a few seconds. A magnet was
placed at the bottom of the 40 mL amber bottles whenever
samples were taken to prevent iron particle interference.

The reduction of Hg* by Fe* was also investigated to
support the experimental results o%tamed from Hg* reduc-
tion by ZVI. Similar experimental approaches with Hg*

reduction by ZVI were employed, although 0.4 mL of 0.05 M
Fe* (FeSO, dissolved in 0.1 M HNO,) was added to the batch
bubbling system instead of ZVI to obtain the final Fe*" concen-
tration of 1 mM. The pH, CI;, and DOC levels were changed
from 6 to 8, 0.001 to 0.1 M, and 0.1 to 10 mg/L, respectively.

3. Results and discussion
3.1. Release of Fe*' from ZV1

Past studies have well established that the corrosion
on the ZVI surface proceeds, Fe?" ” is released, which sub-
sequently reduces Hg? in the solution. Under such Fe*
releasing condition, Hg could be reduced by both ZVI and
Fe*(,q depending on solution chemistry. The release of total
Fe*  from ZVI in three different pH values and varying
Cl" and DOC concentrations is shown in Fig. 1 and FeOH*
concentration, which is reactive to Hg* reduction, are shown
in Fig. 2. The dissolution of Fe* by the ZVI corrosion was
simply described by the followmg sigmoid curve fitting:

1 +exp(—l(1t —xo)/b)

where [Fe*]  is the measured total Fe** concentrations in
solution (M), 4, b, and x, are the fitting parameters, and ¢ is
time (min). The fitting parameters are shown in Table 2.

Generally, the release of Fe* = from ZVI follows an
S-shape curve (Fig. 1). There was nitial lag period for the
first 60 min, which was followed by a gradual increase of
[Fe*, ol- At time 180 min, the highest Fe*" concentrations was
around 2.5 mM when the pH is 6, although almost no Fe*
was detected in pH 8 solution. At pH 7, the dissolved NaCl
seemed to accelerate the Fe’ corrosion and increase the release
of Fe?. In the absence of NaCl in the solution, the Fe* con-
centrations were around 0.5 mM; however, the 0.001-0.1 M
NaCl increased the Fe?" concentrations up to 1.2 mM. This
is considered to be due to the enhanced ZVI corrosion in
the presence of CI” by the pitting corrosion mechanism. The
irregularly localized dissolution on the ZVI surface creates a
net positive charge, which attracts the negatively charged CI-
ions thus forming metal chlorides via neutralization reaction
[20]. Hydrolysis of these chloride salts forms a metal hydrox-
ide and hydrochloric acid and creates pits, which serve as a
continuous source of Fe? and electrons.

Unlike CI, the presence of DOC did not affect the release
of Fe* significantly. Windermere humic aqueous model
(WHAM) speciation model shown in Fig. 3(a) suggested that
around neutral pH (6-8), 99% of aqueous phase Fe* did not
make complexes with DOC when Fe?" concentration is 1 mM
and DOC concentration is 10 mg/L. Hence, the Fe*" solubil-
ity would not be increased by DOC. It is possible that DOC
may block reactive surface areas of Fe’ [33] and prevent the
release of Fe?* into solution. However, these behaviors were
not observed during 180 min of our experimental time due to
slower adsorption of DOC to iron [34].

[Fe™]

)

tot

3.2. Reduction of Hg* by Fe* |

The Hg* reduction to Hg’ by 1 mM Fe* in various pH,

and ClI" and DOC concentrations are shown in Fig. 4. The
reduction kinetic parameters, kaq (M min™), introduced in
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Fig. 1. Effects of: (a) pH, (b) NaCl, and (c) pH on the dissolution of total Fez*(aq) from ZVI. Sigmoid curve (“S” shape, y=a/ (1 +exp(- (x—x,)/b)))

fitting was used to empirically model the release of Fe*,

., from ZVI. The initial concentration of Hg* was 10 nM and pH of (b) and (c) was

7.0. Error bars represent standard deviation of triplicate data. DOC source was Suwannee River natural organic matter (NOM).

Eq. (2), were evaluated from each figure using Sigma Plot®
and are shown in Table 3. The FeOH" concentrations were
assumed to be constant during the experiments since the oxi-
dized Fe* 9 concentration would be extremely low due to
the low Hg* concentration (10 nM). The calculated FeOH"
concentrations were 3.98 x 10, 3.98 x 103, and 3.83 x 10> mM
when pH was 6.0, 7.0, and 8.0, respectively, which were 2-3
orders of magnitude lower than the added total Fe*".

Generally, when the pH increased, the Hg* reduction
kinetics became faster, while the presence of NaCl and DOC
decreased the Hg*" reduction rates by Fe?" in aqueous solu-
tion (Fig. 4). Under the given experimental conditions, the
pH seemed to have a drastic effect on Hg? reduction: when
pH is 6, <10% of Hg*" was reduced whereas 99% of Hg*
was reduced when pH is 8.2, during 180 min experimental
period. The second-order kinetic reaction rate constants (kaq)
varied under the different experimental conditions, but were
confined within an order of magnitude between 0.94 x 10°
and 6.9 x 10> M min™! (Table 3). In the absence of Cl- and
DOC, when the pH are 6, 7, and 8, the kaq were 5.57 (£9.55),
6.90 (+0.48), and 2.43 (+0.45) M min™, respectively.

The k,, was slightly decreased to 2.52-4.11 M! min™, in
the presence of CI~ and significantly decreased to 0.97-2.71 M™*
min™ in DOC containing solutions (Table 3). There can be sev-
eral reasons for the decrease of Hg* reduction kinetics by CI,
but one of the reasons could be production of calomel (Hg,Cl,)
during the reactions. The reduction of Hg* by Fe* is a two-step

process. Initially, Hg*" is reduced to Hg" by one electron donated
from FeOH", which is the thermodynamically favorable path-
way over direct reduction to Hg’ because E° for the Hg*/Hg >
couple (0.914 V) is greater than that for the Hg*/Hg’ couple
(0.85 V). Then, Hg* can be further reduced to Hg’ by another
electron donated from another FeOH* molecule. However, in
the presence of CI, the Hg" can form calomel (Hg,Cl ), and the
reduction potential of calomel to Hg" (Hg,Cl, + 2e- — 2Hg" +
2CI, E'=0.27 V) is lower than that of Hg* (Hg" + e~ — Hg?, E°
=0.80 V), hence may then result in slower reduction to Hg"
[35]. The presence of DOC could trigger a competition between
DOC and other groundwater and wastewater pollutants such
as As(IlT) and As(V) [36]. It is also assumed that the adsorption
of DOC, in the form of humic acid, inhibits the corrosion of Fe,
which in turn prolongs the lifetime of ZVI [33] reducing [Fez*(aq)],
which is consistent with our observations shown in Fig. 1.

The k, measured at the pH 6 and 7 were comparable with
a value, 7.19 x 10° M min, suggested from the previous
study [26]. In the previous study, the following equation was
used to evaluate the second-order reaction rate constants:

d[Hg’] _
dt
Assuming Hg(OH), is the most reactive Hg species com-

pared with other Hg species, such as Hg*, Hg(OH)", etc. In the

present study, the total Hg* concentrations were used to study
reduction kinetics, instead of Hg(OH), The WHAM generated

k,,[ FeOH" | Hg(OH), ] 3)
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Fig. 2. Calculated FeOH" concentrations during the release of
total Fez*(aq) from ZVI, which is shown in Fig. 1.

Fig. 3(b) shows that in the absence of CI- and DOC, and in pH
ranges between 6 and 8, >99% of Hg* species was present as
Hg(OH),. Hence, the current study’s k  values evaluated at
three different pH levels are comparabqle with the previous
study [26].

While the k,_measured at pH 6 and 7 were close to those
reported value 27.19 x 10° M min™), and k, at pH 8 were
lower, which is probably caused by experimental artifacts
such as rapid reduction of Hg* at high pH. If Hg(OH), con-
centrations were used to predict Hg* reduction to Hg? in the
presence of CI- and DOGC, the k__ values become significantly
larger than the data shown in Table 3. For example, the cal-
culated Hg(OH), concentrations in the presence of 0.01 M CI-
and 1.0 mg/L DOC at pH 7 is only 3.7 x 10° and 2 x 10~ nM,
respectively, as shown in Figs. 3(c) and (d). To fit the observed
Hg* reduction, k  values should be increased by 3 and 9
orders of magnitude, which are not comparable with the
reported data. Probably, Hg(OH), is not the only species that
reacts with Fe(OH)*, but Hg—Cl complexes (HgCl", HgCL,
and HgCl,) and Hg-DOC complex are also reactive and can
be reduced by Fe(OH)".

3.3. Reduction of Hg* by Fe’

The reduction of Hg* to Hg® by ZVI at various near neu-
tral pH and the effects of CI- and DOC on the Hg* reduction

Table 2
Sigmoid curve (“S” shape y =a /(1 + exp(- (x - x,) / b))) fitting
parameters for describing the release of Fe*_  from ZVI

Solution chemistry a B X, R?
pH=6.0 (10 mM MES) 2.58 34.7 86.2 0.96
pH=7.0 (10 mM HEPEs) 0.629 255 117 0.99

pH=28.0 (10 mM HEPEs)* NAP NA NA NA

pH=70+10°MNaCl 142 356 171 1.0
pH=7.0+102MNaCl ~ 156 382 157 0.99
pH=70+10"MNaCl 115 393 851 1.0
pH=7.0+01mg/LDOC 0343 167 907 0.9
pH=7.0+1.0mg/LDOC 0457 272 113 1.0
pH=7.0+10mg/LDOC 0437 322 113 0.98

Note: Experimental results are shown in Fig. 1.

*Sigmoid curve was not evaluates since no Fe* was released in the
experimental condition.

"NA — not available.

are summarized in Fig. 5 and modeled results are shown in
Fig. 6. The ZVI surface-mediated Hg* reduction kinetic rate
constants were evaluated by introducing the known k and
the Fe release kinetic in Egs. (2) to (1). Then, the k_in Eq. (1)
becomes the only fitting parameter and is changed to mini-
mize the sum of squared errors between modeling data and
the overall Hg* reduction data. The best fitted k_and stan-
dard deviation (68% confidence interval) are listed in the
third column of Table 3. The mass balance calculation of Hg,
ie., total purged Hg (Hg’ trapped in KMnO, solution) for
180 min, 1-h purged Hg after decreasing the solution pH to
1.5 (Hg? potentially adsorbed to ZVI surface), and remaining
Hg in the solution (not reduced Hg*) are shown in Fig. 7.

Generally, the overall Hg*" reduction (combined reduc-
tion in solution and on the ZVI surface) showed some initial
lag period for the first 5-10 min followed by a rapid reduc-
tion of Hg* for 180 min. The modeling results showed that
>70% of Hg" was reduced by the ZVI surface in the absence
of CI and DOC. When pH is 6.0, ZVI surface reduced 70%
of evaporated Hg’, and the remaining 30% was expected to
be reduced in solution by Fe* released from the corrosion
of ZVI. When pH is 7.0, ZVI surface reduced 83% of total
evaporated Hg’, and at pH 8.0, no aqueous phase Fe* was
observed, hence, the 100% of the released Hg’ was considered
to be reduced on the ZVI surface. This observation suggested
that when the pH is increasing, the ZVI surface-mediated
Hg? reduction is also increasing.

When NaCl concentrations are 0.001, 0.01, and 0.1 M, the
Hg?* reduced at the ZVI surface were 80%, 86%, and 89%,
respectively, suggesting that more Hg* was reduced at the
surface by the increase of NaCl concentrations. The DOC
seemed to significantly retard the Hg* reduction both in aque-
ous solution and at surface. Only 17%, 35%, and 40 % of Hg*
were evaporated as Hg” in the presence of 10, 1.0 and 0.1 mg/L
DOC, respectively, during the experimental time span, which
suggested that the increase of DOC decreased the overall
Hg? reduction by ZVL In addition, among the released Hg?,
only 25%-42% of the evaporated Hg’ was reduced by ZVI
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Fig. 3. WHAM 7 modeled Hg speciation at 20°C: (a) aqueous phase 1 mM Fe* speciation in the presence of 10 mg/L DOC (modeled
as humic acid), (b) aqueous phase 10 nM Hg?*" speciation in pure water, (c) aqueous phase 10 nM Hg* speciation as a function of CI-
concentrations, and (d) aqueous phase 10 nM Hg?* speciation in the presence of 0.01-10 mg/L DOC (humic acid) [28].
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Fig. 4. Effects of: (a) pH, (b) NaCl, and (c) DOC on the Hg* reduc-
tion and evolution of Hg® by Fe* . The initial concentration of
Hg* was 10 nM and pH of (b) and (c) was 7.0 (£0.2). Suwannee
River NOM was used as a DOC source.

Table 3

Pseudo-second-order Hg?*" reduction kinetic rate constants, kA
(10°* M min™?) and the ZVI surface-mediated reduction kinetic
rate constants, k_(m™ min™)

Solution chemistry k., k.

(1M min?)  (m?min™)
pH=6.0 (10 mM MES) 5.57 (+9.55) 0.49 (x0.19)
pH=7.0 (10 mM HEPEs)  6.90 (+0.48) 1.10 (+0.43)
pH=8.0 (10 mM HEPEs) 243 (+0.45) 0.90 (+0.11)
pH=7.0+10"°M NaCl 4.11 (x0.35) 0.96 (+0.37)
pH=7.0+102M NaCl 2.87 (x0.20) 1.43 (+0.43)
pH=70+10"MNaCl 252 (0.25) 2.74 (+0.68)
pH=7.0+0.1 mg/LDOC 271 (x0.45) 0.098 (+0.025)
pH=7.0+1.0mg/LDOC 1.74 (+0.76) 0.098 (+0.043)
pH=7.0+10mg/L DOC  0.94 (x1.3) 0.026 (+0.023)

Note: The experimental conditions to evaluate k, were 1 mM Fe* in
20 mL buffered solution spiked with 40.4 ng (=10 nM) HgCl,. The k
was evaluated with 0.04 g ZVI (0.21 m? g™') in 20 mL solution spiked
with 40.4 ng (=10 nM) HgCl,. The calculated ZVI surface area in the
solution is 0.42 m? L.

surface, which is significantly lower compared with other
experimental conditions in the present study. These observa-
tions suggest that when the pH is decreasing, and NaCl and
DOC concentrations area increasing, which are the cases of
increasing aqueous phase Hg?" solubility due to the formation
of non-adsorbing mercury complexes [28,29], subsequently
decreasing the adsorption of Hg* to the ZVI surfaces and
affecting the Hg* reduction by ZVIL.

The changes of ZVI surface activities by the changes
of solution chemistry are inferred from the fitted k, shown
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Fig. 5. Hg* reduction and evolution of Hg by ZVL

in Table 3. The ZVI surface-mediated Hg* reaction
rate constants, k, were 0.49 (x0.19), 1.1 (x0.43), and 0.90
(+0.11) m™ min™ when the pH were 6.0, 7.0, and 8.0, respec-
tively. The rate constants were relatively constant in the given
near neutral pH conditions.

The k_ in the presence of CI~ concentrations were gener-
ally higher than in the absence of CI, and the increase was
more significant when the CI~ concentration was higher. The
k. was 2.74 (+0.68) m™ min™' when the CI~ concentration was
0.1 M, and the value was almost three times higher than 1.10
(#0.43) m™? min™ that was found when the CI" concentration
was 0 M. The increase of ZVI surface activities by the increase
of NaCl was the opposite to the trend observed in solution,
where k, _was decreased by the increase of Cl- concentrations,
which isqknown as a corrosion promoter [20].

The presence of DOC showed a more contrasting effect
on ZVI surface-mediated Hg* reduction since the increase of
DOC concentration significantly reduced the k. When DOC
concentrations were 0.1, 1.0, and 10 mg/L, the k_were 0.098
(+0.025), 0.098, (+0.043), and 0.026 (+0.023) m= min™, respec-
tively, which were more than an order of magnitude lower
than the k without DOC. These observations provide that

when the pH and NaCl concentrations are increasing, the ZVI
surface activities are increased, probably by the enhanced cor-
rosion of ZVI surface. In case of NaCl effect, the postulation
is consistent with the pitting corrosion processes previously
described. On the other hand, when DOC concentrations are
increasing, the ZVI surface activities are decreased, probably
by the blocking of active ZVI surface by DOC.

Asshown above, the overall Hg* reduction kinetics to Hg?
by ZVI can be affected by the complex interactions between
Hg?* and ZVI as well as the corrosion of ZVI, which are com-
plicated by solution chemistry. The increase of pH would
generally increase the Hg?" reduction since the environment
is more favorable for Hg* to adsorb to the ZVI surface, and
the higher pH (only in between 6 and 8) seemed to corrode
ZVI more and enhance the surface activities. In case of NaCl,
higher NaCl would decrease the Hg*" sorption to ZVI surface,
however, increase the corrosion of ZVI and surface activities,
hence, NaCl was favorable to Hg* reduction. This behavior
was in contrast to the CI- effects on Hg? reduction by mag-
netite [29]. The study argued that the CI- complexed with
Hg?" in aqueous phase and prevented the adsorption of Hg*
to the magnetite surface, hence, the overall Hg* reduction
rates were decreased by the increase of CI- concentrations.
Probably, the structural Fe?" in the magnetite was resistant to
corrosion in the presence of Cl-in the acidic (pH between 4.8
and 6.7) condition. DOC generally decreased Hg* not only
by preventing Hg?" attachment to the surface, but also proba-
bly by blocking available ZVI surface.

3.4. Implications

There are several studies that used ZVI to remove
Hg in groundwater and wastewater [18,19]. Usually,
Hg-contaminated groundwater could be enriched with
DOC [5] and Hg containing wastewaters, for example, flue
gas desulfurization system, can have extremely high levels
of CI" [37]. In such cases, designing ZVI-based Hg treatment
technologies should consider the effects of those organic and
inorganic ligands on Hg? removal. The Cl- enhances surface
activities by improving corrosions and the DOC significantly
reduces the reaction rates of ZVI, hence, appropriate rates
should be used. Also, the removal rates are generally evalu-
ated in dilute ZVI concentrations, and in this case, the rates
can be the mixed rates in solution and on surface. Especially,
rates evaluated for Hg reduction could have been overesti-
mated by aqueous phase reduction, and the direct application
of the mixed rate to higher density ZVI treatment technolo-
gies, such as packed bed, could bias the removal or reduc-
tion results. Careful evaluation of ZVI removal rates in dilute
solution is necessary for pollutants like Hg. Lastly, present
study can be expanded to develop wastewater treatment pro-
cesses that employ Hg?" reduction by ZVI, followed by purg-
ing the Hg" to gas phase, which is subsequently adsorbed on
sorption tower. This type of processes will selectively remove
Hg? from waters and can be applied to the Hg recovery from
wastewaters.

4. Conclusions

The effects of environmental factors on the kinetics of Hg**
reduction to Hg" were investigated in anoxic Fe’-H,O system
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Fig. 7. Mass balance results of Hg* reduction by ZVI. The evapo-
rated Hg was the total and cumulative purgeable Hg trapped in
KMnO, solution (0-180 min), the Hg adsorbed is the 1-h purged
Hg after decreasing the solution pH to around 1.5 (180-240 min),
and the Hg in water is the Hg remaining in solution (at 240 min).

using a set of ordinary differential and algebraic equations to
separate the surface-mediated and aqueous phase Hg reduction
processes. The Hg* was rapidly reduced to Hg in the presence
of 2 g/L Fe® within 3 h, and modeling studies showed that Hg*"
reduction at the surface of ZVI is heavily dependent on solu-
tion chemistry. The ZVI surface-mediated Hg reduction rates
were tripled when NaCl concentration was increased from
0.001 to 0.1 M even though the formation of calomel (Hg,Cl,)

is suspected to inhibit the reduction process in aqueous phase.
The Hg*-DOC interaction decreased the Hg*" reduction rates
significantly, by an order of magnitude. The decreased reactiv-
ity of Hg* may be a result of strong complexation with DOC
that prevents sorption of Hg* to the Fe’ surfaces thus inhibits
surface reduction. The model obtained by fitting the empirically
obtained data could help predicting the reduction of mercury in
wastewater and groundwater and provide solid information on
the design of various Hg removal technologies.
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