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ABSTRACT

The effect of redox changes with respect to mobility of Cr, Cu, Pb, Zn, and As in five
dredged sediments originating from disposal sites in the Netherlands was studied in the
paper. An extraction procedure with a neutral unbuffered salt solution (0.01M CaCl2) was
used to investigate the behavior of heavy metals and As in laboratory-based batch
experiments conducted under oxidized and reduced redox conditions and carried out for
21 d. An increase in the redox potential (above +400mV up to +503mV) resulted in a rise
of solubility of heavy metals in all sediments. However, at low redox potentials, an increase
in As concentration was observed in the highly As-contaminated sediment. Mass balances
were performed to follow the use of oxygen and the production of CO2, NO�

3 , SO
2�
4 and

PO3�
4 . An increase in redox potential has a large effect (40–80%) on the oxidation of

reduced sulfur compounds to SO2�
4 . Such increase in redox potential led to a solubilization

of only about 1% of Cr, Cu, Pb, and Zn. Still, such low solubilization of these heavy metals
leads to an increase of significance of the issue concerning ground and surface water
quality.

Keywords: Heavy metals; As; Sulfur forms; Redox potential; Dredged sediments; Risk
assessment

1. Introduction

Sediments are often polluted with a so-called “cock-
tail” of heavy metals and organic micropollutants. In
the coming 25 years, 350 million m3 fresh water sedi-
ments will have to be dredged in the Netherlands of
which 75 million m3 are heavily contaminated (class 3
and 4) [1]. Temporary storage of polluted dredging can
be an option to partial or even complete remediation as
this is an extensive, low-cost technique. It has to be

taken into account that several physical, chemical, and
biological processes occur during temporary storage
[2]. Oxygenation as the main factor in a temporary
disposal site is desirable for aerobic degradation of
organic pollutants (polycyclic aromatic hydrocarbons
and mineral oil). However, oxygenation and therefore
redox changes affect the mobility of heavy metals and
As. In reduced state, sediments redox potential is as
low as −250 to −300mV whereas, in aerated conditions,
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redox potentials can reach the range from +400 to
+700mV [3]. Most recently, research emphasis has been
on the behavior of heavy metals and As under changing
redox conditions. Exposure of sediments to aerobic con-
ditions results in a sequence of oxidative reactions,
leading to a decrease in pH, an increase in redox
potential, an increase in sulfate levels in the water, and
solubilization of the most cationic metals. Redox condi-
tions as well as the pH are considered to be of prime
importance in determining the mobility of trace metals
from sediments [4–8]. These parameters affect processes
related to metal binding, such as sorption and desorp-
tion to soil particles, formation and dissolution of
carbonate bound metals, formation and decomposition
of soluble and insoluble metal organic complex com-
pounds, formation and dissolution of hydroxides and
oxyhydrates, sorption and co-precipitation of metals by
Fe/Mn-oxides, particularly in oxidic environments at
neutral pH, precipitation of metal sulfides in strong
reducing environments, and dissolution as sulfates
under oxic conditions [9–12].

As metal sulfides are often present in anoxic
sediments, the sulfur cycle is expected to play an
important role to control the mobility of toxic metals
[13]. Various sulfur compounds occur in sediments
depending on oxygen conditions [14]. Under the anoxic
state, solid compounds of heavy metals are usually sta-
ble. In particular, the sulphidic forms mainly consisting
as (FeS) and pyrite (FeS2) have low solubility products
and elementary sulfur (S) may be present, too [15]. In
aerobic conditions, most of the inorganic sulfur
normally occurs as sulfate (SO2�

4 )[16], which are rather
soluble, except for PbSO4. It is believed that redox
potential defines conditions for mobility and (bio)avail-
ability of metals [17]. Dissolved or weakly adsorbed
metals may be easily available to plants and aquatic
organisms and therefore lead to health risks of these
organisms [18–23].

Several methods are developed to mimic the
concentration of metals that can be taken up by plants
like CaCl2 (0.01M) extraction [24–26]. In this paper,
the effect of redox changes is studied in relation to the
mobility of heavy metals and As using the 0.01M
CaCl2 as a medium.

2. Material and methods

2.1. Samples

Five sediments studied in this paper originated
from three dredged sediment disposal sites in the
Netherlands, namely Den Helder (DDHCr, DDHZn,
WHAZn), Nieuw Vennep (HMAs), and Arnhem
(MBHMe) (Fig. 1).

The samples DDHCr and DDHZn were in depot
for about 2 years, whereas WHAZn was freshly
dredged sediment from a canal near Amsterdam with
a deep black appearance. The sediment HMAs
originated from a dredging in the Haarlemmermeer
and was converted into soil during a one-year storage
in depot and had a light brown appearance. The
MBHMe sample originated from the Malburger-haven
in Arnhem. After sampling, the sediments were
homogenized for 24 h at 20˚C in 27-l barrels with a
roller bank and stored at 4˚C until analyzed.

2.2. Sediment characteristics

The physic-chemical properties are presented in
Table 1. All sediments approximated a neutral pH
(pH 6.8–7.6). All sediments were in a reduced state
(Eh +55 +146mV) and had a wide range of dry matter
contents (24.1–74.9%). Due to storage at dry conditions,
the dry matter content of the sediment HMAs (74.9%)
was rather high. Sediments varied in organic matter
content from 6.2 to 27.6%. Organic matter may play an
important role as metals can be sorbed to organic mat-
ter [27,28]. The highest heavy metal concentrations in
each sediment were as mg metal per kilogram of dry
sediment (mg/kg of dm): DDHCr 1,014mg Cr/kg dm,
DDHZn 1,109mg Zn/kg dm, HMAs 486mg As/kg dm,
MBHMe 1,294mg Zn/kg dm and WHAZn 1,281mg
Zn/kg dm, respectively.

Besides, most values for other metals were above
the Dutch intervention values for heavy metals in soils:
As 55mg/kg dm, Cr 380mg/kg dm, Cu 190mg/kg dm,
Pb 530mg/kg dm and Zn 720mg/kg dm [29]. Regard-

Fig. 1. Location of sampling points DDHCr, DDHZn,
WHAZn (1), HMAs (2), MBHMe (3).
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ing Polish soil quality legislation [30] for area B (up to
0.3 m depth) including, among others, soil cultivation,
the values for heavy metals are as follows: As 20mg/
kg dm, Cr 150mg/kg dm, Cu 150mg/kg dm, Pb 100
mg/kg dm and Zn 300mg/kg dm. In the case of depth
greater than 15m, the concentrations are the same as
for Dutch intervention values except Cu 200mg/kg dm
and Pb 200mg/kg dm. To characterize sediments fur-
ther, a selection of macroelements was also analyzed.
High concentrations of calcium (Ca) (4,650–70,341mg/
kg of dm) and magnesium (Mg) (1,119–44,115mg/kg of
dm) determined for some sediments may lead to met-
als’ binding with organic matter. Iron (Fe) was also
determined (7,345–35,345mg/kg of dm) since different
forms of Fe can be found depending on redox condi-
tions. In all sediments, the total concentration of phos-
phorus (P) (1906–7,201mg/kg of dm) is expected not to
limit biological conversion. The total sulfur (S) was also
determined (3,283- 22,211mg/kg of dm) since, as men-
tioned before, different sulfur compounds can be
formed depending on aerobic and anaerobic environ-
ments.

2.3. Experiments

Aerobic experiments were performed in closed
batches (1,000ml) with a sufficiently large headspace
O2/N221/79 (v/v %) to avoid anoxic conditions.
Anaerobic experiments were performed in 120ml

bottles with N2/CO2 80/20 (v/v %) by a gas change
device (five gas volume changes). All batch experi-
ments were carried out for 21 d. The sediment samples
(5 g dm) were suspended in a medium of a liquid/
solid ratio 10:1 (w/w). The medium had the final
CaCl2 concentration of 0.01M as extractant [31,32].
Samples were shaken by end-over-end shaker at 20˚C
(22 rpm). Gas composition, heavy metals, and ions in
supernatants were analyzed every two or three days.
Sediment characteristics are presented in Table 1. Eh,
pH, dry and organic matter content, total heavy met-
als, macroelements, and total sulfur concentration in
sediments were determined at the beginning and at
the end of the experiment, respectively.

2.4. Chemical analyses

The pH of sediments was measured potentiometri-
cally in a 5:1 liquid/solid suspension of the sediments
in distilled water [33]. Redox potentials were mea-
sured by inserting platinum electrode (Pt-AgCl/Ag) in
the sediment paste until stable reading [34]. Dry mat-
ter (DM) was determined by drying in an oven at
105˚C for 24 h. Organic matter (OM) was estimated by
heating during 3 h at 550˚C. The total metal concentra-
tion and macroelements in the samples as (mg/kg of
dm) were determined after microwave destruction
(CEM 2,100, Matthews, USA) of pre-dried samples
(40˚C), subjected to digestion with aqua regia (HCl/

Table 1
Characteristic of sedimentsa

DDHCr DDHZn HMAs MBHMe WHAZn

Value Std. Value Std. Value Std. Value Std. Value Std.

pH 6.80 0.01 7.40 0.03 7.6 0.1 7.10 0.01 7.00 0.01
Eh(mV) 55 22 93 8 146 23 73 3 62 15

56.3 0.3 38.9 0.5 74.9 0.7 27.7 0.1 24.1 0.4
OM 10.5 0.1 21.6 0.4 6.2 0.3 14.8 0.2 27.6 0.3
(%)

Total contents (mg/kg dm)
As 13.1 0.3 27 0.4 486 8.5 62 0.7 174 8.6
Cr 1,014 22 481 1.9 25 0.3 166 2.4 64 1.6
Cu 148 4.7 206 1.4 16 0.8 119 2.3 190 1.4
Pb 366 8.3 137 1.4 29 2.3 781 14 551 33
Zn 770 28 1,110 5 75 1.0 1,290 80 1,280 66
Ca 12,536 48 26,650 287 39,701 897 70,341 1,625 26,758 2,571
Fe 7,345 122 38,272 402 35,345 766 37,659 573 29,369 4,683
Mg 1866 39 5,138 232 5,296 61 44,115 160 6,580 1,130
P 693 50 4,609 46 1906 32 2,626 56 1926 307
S 4,644 46 8,162 42 3,283 18 3,262 394 22,211 3,168

aAll values represent the mean of three subsamples.
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HNO3, 3:1 v/v) according to [35]. After digestion, the
samples were paper filtered (Schleicher & Schuell 589,
Germany) and diluted to the volume of 100ml. The
supernatant liquid was acidified by HNO3 to pH 2,
stored at 4˚C and analyzed by Inductively Coupled
Plasma Mass Spectrometry (ICP - MS, Elan 6,000,
Perkin–Elmer, detection limit 0.1–2,000 μg/L). The
amount of metal in the liquid phase of supernatants of
batch experiments was determined by centrifugation
(15,000 rpm over 10min). The supernatant liquid was
acidified by HNO3 to pH 2, stored at 4˚C, and ana-
lyzed by Inductively Coupled Plasma Mass Spectrom-
etry (ICP-MS, Elan 6000, Perkin–Elmer). The following
ions: Cl−, SO2�

4 , NO�
2 , NO�

3 , were analyzed using Ion
Chromatograph (DIONEX DX 600). The total sulfur
concentration was determined using Inductively
Coupled Plasma Atomic Emission Spectrometry
(ICP-AES) (Spectra-Flame, Spectro—detection limit
0.1 mg/L–100 μg/L). The gas composition—O2, CO2,
and N2 was measured by Gas Chromatograph TCD
MFC 800, Fisons. The nitrogen compounds: NH4

+,
total NO�

2 , and NO�
3 and PO3�

4 were determined using
Segmented Flow Analysis (SFA).

3. Results and discussion

3.1. Redox potential and metal and As concentrations in
liquid

Oxygenation of anoxic sediments by continuous
mixing of 50ml sediment slurry (L/S = 10) with air in
1 l bottles led to an increase from initially +55 to +146
mV to above +435mV for DDHCr up to a redox poten-
tial of +503mV for WHAZn sediment (Fig. 2) [36].

In moderately altered conditions, the experiment
with low redox potential applied decreased from +116
mV for DDHCr to +39mV for WHAZn, respectively.

The increase in the redox potential resulted in the
release of heavy metals to the liquid phase from all
five sediments (Fig. 3(A–E)); however, the absolute
increase in solubilized metals is relatively small (<1%)
compared to the initial metal concentrations.

Aerobic conditions in sediment DDHCr resulted in
mobility of all five metals (Fig. 3(A)). The highest Zn
concentration was observed after 12 d 33,070 μg/L. In
the case of Cr, the highest mobility occurred at the
beginning of the experiment 377 μg/L.

Metal concentrations released to the water phase
from sediments exceeded the permissible values of
ground and surface water quality taking into consider-
ation Dutch [37] and Polish Legislation [38,39].

In DDHZn sediment (Fig. 3(B)), Zn was released to
33,070 μg/L, which is above allowable groundwater
level and surface water. In HMAs sediment
(Fig. 3(C)), again Zn was the most mobile metal reach-
ing 678 μg/L that is above allowable surface water
concentration for Holland and above groundwater val-
ues for Poland. In the MBHMe sediment (Fig. 3(D)),
again Zn released in the high concentration 3,950 μg/L
exceeding permissible groundwater values. In the
WHAZn sediment (Fig. 3(E)) also, Zn was the most
mobile metal and reached the value of 3,225 μg/L after
12 d. However, for sediments HMAs, MBHMe, and
WHAZn, it was found that Cr concentration after 12
and 21 d was below detection limit (<0.1 μg/L). In the
case of sediment DDHZn, Cr concentration below
detection limit was observed after 12 d.

Looking at Cu and Pb behavior in DDHDr sedi-
ment, it can be noted that the highest released of Cu
observed after 12 d reached the value of 104.7 μg/L
exceeding allowable surface water concentrations. The
highest release of Pb to the water phase took place
after 21 d with the amount of 82.5 μg/L and was also
above surface water concentrations. In DDHZn sedi-
ment, highly contaminated with Cu, the highest Cu
concentration exceeding permissible surface water
concentrations was observed after 12 d with the
amount of 64.6 μg/L. In MBHMe sediment, the maxi-
mal Pb release was obtained after 2 d, 55.8 μg/L. In
WHAZn sediment, Pb released in the highest concen-
tration after 21 d with the amount of 31.3 μg/L. In
both sediments, extracted Pb values exceeded
allowable surface water concentrations.

Calmano et al. [40] and Zoumis [8] showed that
oxidation resulted in mobilization of some heavy
metals. Zn was released significantly higher in all
sediments due to its weaker binding properties
[12,41]. Mobilization of metals in the presence of
oxidation was also confirmed in other studies [42–44].
Pb and Cu generally are less mobile elements in the
environment [45]. Kerner and Wallman [46] conducted
a laboratory study simulating periods of aerobic and
anaerobic conditions of sand flat sediment and
followed the mobilization of Zn. Zn was believed to
be released from the sediment solid phase during
aerobic cycles attributed to mineralization of organic

0
100
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400
500
600

DDHCr    DDHZn       HMAs    MBHMe    WHAZn

Eh
 (m

V)

initial aerobic exp. anaerobic exp.

Fig. 2. Redox potential Eh (mV) in sediments after 21 d.
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matter and sulfide oxidation. They also simulated
periods of anaerobic conditions of sand flat sediment
and it turned out that the mobilization of Zn had
occurred. Sulfide precipitation caused the removal of
Zn from pore water during anaerobic cycles.

Kelderman et al. [47] investigated different binding
forms of Cu, Zn, and Pb onto sediments under chang-
ing redox conditions. They found that oxidation of
heavy metals sulfides had occurred leading to heavy
metal release from the sediments.

The low redox potentials resulted in lower release
of heavy metals from sediments to the liquid phase
(Fig. 4(A–E)).

It should be stated that despite Cu and Pb released
in lower amounts in anaerobic conditions rather than
in an aerobic experiment, the concentrations are still
above allowable surface and ground water concentra-
tions. The highest Cu released from DDHZn sediment
after 21 d with the value of 37.3 μg/L. Pb was the most
mobile metal in sediment MBHMe at day 0 with the
amount of 23.8 μg/L, whereas the highest concentra-
tion of Pb was found in the sediment WHAZn after
21 d with the value of 32.8 μg/L.

Anaerobic conditions affected the mobility of As
with the following highest amounts exceeding both
the maximum allowable groundwater and surface
values: 157 μg/L of As in sediment HMAs (Fig. 4(C)),
71 μg/L of As in MBHMe sediment (Fig. 4(D)), and
538 μg/L of As in the WHAZn sediment (Fig. 4(E))
released at day 0, respectively.

With respect to the literary data under anaerobic
sediments, acid volatile sulfide (AVS) controls the
behavior of some divalent cationic metals, usually
present naturally [48,49]. In the anaerobic sediment,
AVS is bound with iron as solid monosulphide (FeS),
crystalline mackinawite (FeS), pyrrohotite (FeS),
greigite (Fe3S4), or exists as free sulfide. However, if
Cu, Cr, Pb, and Zn are present, the iron and iron
sulfide are displaced and one of the aforementioned
metals rapidly bind to AVS with strong affinity.

Aqueous sulfide (H2S or HS−) is a strong reductant
and frequently occurs at appreciable concentrations in
reduced systems, and consequently it may play an inte-
gral part in arsenic redox chemistry [35,50,51]. In other
studies, As mobility in overbank sediments was also
investigated [52]. It was found that leaching of As was
only significant in sediments from which P was also
released. This phenomenon was explained by the effect
of competition between arsenate and phosphate or by
the fact that studied samples contained Ca3PO4

particles enriched in As. Another explanation was
competition between dissolved organic matter and
arsenate.

Fig. 3. Solubilized metal concentrations after 2, 12, 21 d in
aerobic leaching conditions for DDHCr (A), DDHZn (B),
HMAs (C), MBHMe (D), and WHAZn (E).
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Another study confirms that under oxidizing
conditions, As, Zn, and Cr behavior was governed by
redox chemistry of Fe(III) and Mn(IV) oxides [53].
When sediment redox potential increased, the affinity
between Fe(III) and Mn(IV) oxides and As, Cd, Cr,
and Zn increased, too. When sediment redox potential
decreased, the affinity between insoluble sulfides,
large molecular humic matter, and As, Cd, Cr, and Zn
increased; the soluble Cd and Zn decreased; the
soluble As and Cr remained constant.

Masscheleyn et al. [54] investigated the effect of
redox potential and pH on As speciation and solubil-
ity in contaminated soil. They concluded that under
moderately reduced conditions (0–100mV), As
solubility was controlled by the dissolution of iron
oxyhydroxides and released upon their solubilization.

Zn release concentrations in studied sediments
were lower in comparison with aerobic conditions.
However, in the case of DDHZn, MBHMe, and
WHAZn sediments polluted with this metal, Zn
released to the water phase in the concentrations
exceeding permissible surface water concentrations in
the amounts: 196.4 μg/L at day 0, 251 μg/L after 12 d,
and 236.8 μg/L, respectively.

3.2. Mass balances

Consumption of O2 in DDHCr after 21 d reached
0.234mmol O2/g dm (Fig. 5(A)). The measured
products CO2, NO�

3 , SO
2�
4 , PO3�

4 used 69% of oxygen
consumed after 21 d. It can be seen that 31% of oxygen
was not found in O2-containing products. The major
product for O2 consumption was sulfate 0.149mmol
O2/g dm. The highest O2 consumption 0.339mmol
O2/g dm after 21 d took place in DDHZn (Fig. 5(B)).
In this sediment, CO2 NO�

3 SO2�
4 PO3�

4 used 77.8% of
oxygen consumed at the end of the experiment and
0.225 mmolO2/g dm was consumed for sulfate
production. The lowest oxygen consumption after 21 d
was observed in the sediment HMAs (Fig. 5(C)), the
products CO2, NO�

3 , SO
2�
4 , PO3�

4 used 55.2% of oxygen
consumed after 21 d and 0.155mmol O2/g dm was
consumed by sulfate. Fig. 5(D) shows the consumption
of 0.181mmol O2/g dm in the sediment MBHMe after
21 d. The products CO2, NO�

3 , SO2�
4 , PO3�

4 used
86.55% of the oxygen consumed after 21 d, whereas
0.118mmol O2/g dm was consumed for sulfate
production. The consumption of O2 in WHAZn after
21d reached 0.208mmol O2/g dm (Fig. 5(E)). CO2,
NO�

3 , SO
2�
4 , PO3

4 used 83.8% of the oxygen that was
consumed after 21 d. The major product for O2

consumption was again sulfate 128mmol O2/g dm.

Fig. 4. Solubilized metal concentrations after 2, 12, 21 d in
anaerobic leaching conditions for DDHCr (A), DDHZn (B),
HMAs (C), MBHMe (D), and WHAZn (E).
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The results show that it is quite likely that not all
of O2 consumed can be found in O2-containing
products. It is probably caused by binding of O2 to
carbon in the solid matrix [55]. It was concluded that
most of O2 is used for oxidation of sulfur compounds

as sulfate for all sediments was the major product for
the O2 consumption. Therefore, attention was also
paid to sulfur balance (Fig. 6).

Looking at the total sulfur concentration in
sediments, it can be observed that the initial Stotal con-
centration is nearly equal to the Stotal final concentra-
tion both in aerobic and anaerobic conditions
(Fig. 6(A)). In Fig. 6(B) SO2�

4 production at the end of
the both oxidized and reduced experiments is shown.
In the aerobic experiment, more SO2�

4 is found in all
studied sediments in comparison with anaerobic
experiment. The highest SO2�

4 concentration was
found for DDHZn sediment 112.7 mmol/kg and the
lowest one for HMAs 38.6mmol/kg. It can be
explained that SO2�

4 is converted to S2− in reduced
environment. This sulfide can react with Fe, leading to
FeS or FeS2 precipitation [55]. In the study, approxi-
mately 40% of all sulfur compounds were oxidized
(Fig. 6(C)), whereas for sediment DDHCr even 80%
was converted. From Fig. 6(C) showing the percentage
of sulfur that was oxidized, it can be seen that not all
S is converted to sulfate, which is also confirmed by
other researchers [56]. It is due to the fact that amor-
phous FeS is rapidly oxidized, whereas crystalline
FeS2 is not [57].

Fig. 5. The use of oxygen consumption (diamonds) and the
production of SO2�

4 (black triangles), CO2 (gray cicrles),
NO�

3 (gray triangle), and PO3�
4 (star) for DDHCr (A),

DDHZn (B), HMAs (C), MBHMe (D), and WHAZn (E)
Sum—O2 present in products (CO2 +NO�

3 + SO2�
4 + PO3�

4 )
(black circles).

Fig. 6. Sulfur balance for Stotal concentration (A), SO2�
4

production after 21 d (B), sulfur oxidation (C).
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Analyzing the correlation between SO2�
4 produced

and metal solubilized at aerobic conditions (Table 2),
it can be stated that less than 6% of metals are
dissolved compared to SO2�

4 formed.
Most probably, the solubility product plays here a

role. The solubility product of FeS and ZnS are
about equal, whereas CdS and CuS are much more
stable.

4. Conclusions

The redox status is often reported as an impor-
tant parameter while studying the mobilization and
availability of heavy metals and As in sediments.
Indeed, Cr, Cu, Pb, and Zn showed increased
mobility after an increase in the redox potential.
However, only up to 1% of the initial metal concen-
tration could be mobilized. The amount of extracted
metals that released to the water phase was only
6% of the sulfate formed by oxidation on molar
basis. The most probable reason for this phenome-
non is the low solubility products of the heavy met-
als as well as such processes as sorption,
adsorption, and desorption. Although an increase in
solubilized metals was only 1% compared to the ini-
tial metal concentration, still these concentrations are
above the maximum allowable concentrations in
groundwater and surface water taking into
consideration Dutch and Polish legislation. There-
fore, oxidation of sediment should be avoided.

On the other hand, the moderately reducing
conditions resulted in the release of As from heav-
ily polluted sediments indicating the environmental
hazards since such redox changes occur rapidly in
dredged sediments. That indicates the risk of
re-entering of metals and As fixed in the sediments
and the susceptibility of living organisms to them.
Therefore, in the further studies, the necessity of
remediation of sediments will be taken into
account.

Acknowledgments

This research was supported by Marie Curie
Training Site in the area of “Heavy Metals and Sulfur”
(MCFH-1999-00950). The author wants to thank Dr Tim
Grotenhuis and Prof. Grzegorz Malina for their
scientific supervision.

References

[1] AKWA, Basic Document Decennial Scenario Bottom
Sediments (in Dutch), AKWA Report, Rapportnummer
01.014, Utrecht, 2001.

[2] J. Vermeulen, T. Grotenhuis, J. Joziasse, W. Rulkens,
Ripening of clayey dredged sediments during tempo-
rary upland disposal a bioremediation technique, J.
Soils Sediments 3(1) (2003) 49–59.

[3] W.H. Patrick, R.P. Gambrell, S.P. Faulkner, Redox
measurements of soils, in: D.L. Sparks, AL Page , PA
Helmke, JM Helmke (Eds.), Methods of Soil Analysis,
Part 3, Chemical Methods-SSSA Book Series No. 5, Soil
Science Society of America and American Society of
Agronomy, MadisonWI, 1996.

[4] W. Salomons, U. Förstner, P.P Mader, Metals in the
Hydrocycle, Springer, Berlin, 1984.

[5] W. Calmano, U. Förstner, Chemical extraction of
heavy metals in polluted river sediments in central
Europe, Sci. Total Environ. 28 (1983) 77–88.

[6] U. Förstner, Metal speciation – General concepts and
applications, Int. J. Environ. Anal. Chem. 51 (1993) 5–23.

[7] G.A. van den Berg, G.G.A. Meijers, L.M. van der
Heijdt, J.J.G. Zwolsman, Dredging-related mobilisation
of trace metals: A case study in the Netherlands,
Water Res. 35(8) (2001) 1979–1986.

[8] T. Zoumis, A. Schmidt, L. Grigorova, W. Calmano,
Contaminants in sediments: Remobilisation and
demobilisation, Sci. Total Environ. 266 (2001) 195–202.

[9] W. Calmano, J. Hong, U. Forester, Binding and mobili-
zation of heavy metals in contaminated sediments
affected by pH and redox potential, Water Sci.
Technol. 28(8–9) (2001) 223–235.

[10] D.L. Sparks, Environmental Soil Chemistry, Academic
Press, London, 1995.

[11] W. Stumm, J.J. Morgan, Aquatic Chemistry Chemical
Equilibrium and Rates in Natural Waters, 3rd ed.,
Environmental Science and Technology, John Willey
& Sons, New York, NY, 1996.

Table 2
Comparison of the moles of SO2�

4 produced per g dm with the moles of metal solubilized after 21 d at aerobic conditions

Sediment Sum of mobilized
metals

SO2�
4 produced

in 21 d
Metals solubilized/
SO2�

4 produced
(mmol/g dm) (mmol/g dm) (%)

DDHCr 0.00448 0.07405 6.04
DDHZn 0.00035 0.11274 0.31
HMAs 2.92E-05 0.03866 0.07
MBHMe 0.00029 0.05882 0.49
WHAZn 0.00044 0.06389 0.68

A. Popenda / Desalination and Water Treatment 52 (2014) 3918–3927 3925



[12] R.P. Gambrell, Trace and toxic metals in wetlands—A
review, J. Environ. Quality 23 (1994) 883–891.

[13] R. Tichy, Bioleaching of metals from soils or sedi-
ments using the microbial sulfur cycle, PhD thesis,
Wageningen Agricultural University, The Nether-
lands, 1998.

[14] P.L.H Lens, Environmental Technologies to Treat
Sulfur Pollution, IWA Publishing, London, 2000.

[15] F.M. Tack, F. Lapauw, M.G. Verloo, Determination
and fractionation of sulphur in contaminated dredged
sediment, Talanta 44 (1997) 218–219.

[16] W.H. Patrick, R.P. Gambrell, S.P. Faulkner, Sulfur, in:
D.L. Sparks, A.L. Sparks, P.A. Helmke, J.M. Bartels
(Eds.), Methods of Soil Analysies, Part 3, Chemical
Methods-SSSA Book Series No. 5, Soil Science Society
of America and American Society of Agronomy,
MadisonWI, 1996.

[17] W. Salomons, U. Forstner, P. Mader, Heavy metals,
problems and solutions, Springer, Berlin, 1995.

[18] J. Glinski, W. Stepniewski, Soil Aeration and its Role
for Plants, CRC Pres, Boca Raton, FL, 1985.

[19] E.N. Leonard, E. Temminghoff, A.C.C. Plette, T.M.
Van der Zee, W.H. Van Riemsdijk, Speciation of heavy
metals in soils in relation to availability and mobility,
Recent Res. Devel. Soil Sci. 1 (1997) 55–65.

[20] W. Peijnenburg, L. Posthuma, P.G.P.C. Zweers, R.A.C.
Baerselman, Arthur C. van de Groot, Rens P.M. Van
Veen, Prediction of metal bioavailability in dutch field
soils for the oligochaete Enchytraeus Crypticus, Ecotoxi-
col. Environ. Safety 43 (1999) 170–186.

[21] W.J.G.M. Peijnenburg, T. Jager, Monitoring
approaches to assess bioaccessibility and bioavailabil-
ity of metals: Matrix issues, Ecotoxicol. Environ. Safety
56 (2003) 63–77.

[22] D. Sijm, R. Kraaij, A. Belfroid, Bioavailability in soil or
sediment: Exposure of different organisms and
approaches to study it, Environ. Poll. 108 (2000) 113–119.

[23] S.R. Stephens, B.J. Alloway, J.E. Carter, A. Parker,
Towards the characterisation of heavy metals in
dredged canal sediments and an appreciation of avail-
ability: two examples from the UK, Environ. Pollut.
113(3) (2001) 395–401.

[24] I. Novozamsky, T.H.M. Lexmond, V.J.G. Houba, A
single extraction procedure of soil for evaluation of
uptake of some heavy metals by plants, Int. J.
Environ. Anal. Chem. (1993) 47–58.

[25] V.J.G. Houba, J.J. Van der Lee, I. Novozamsky, Soil
analysis procedures other procedures, Soil and Plant
Analysis, Part 5B, 6th ed., Department of Soil Science
and Plant Nutrition, Wageningen Agriculture
University, 1995.

[26] V.J.G. Houba, T.H.M. Lexmond, I. Novozamsky, J.J.
van der Lee, State of the art and future developments
in soil analysis for bioavailability assessment, Sci.
Total Environ. 178 (1996) 21–28.

[27] D. Alongi, F. Tirendi, A. Goldrick, Organic matter
oxidation and sediment chemistry in mixed terrige-
nous-carbonate sands of Ningaloo Reef, Western
Australia, Marine Chem. 54 (1996) 203–219.

[28] B. Jansen, M.C. Kotte, A.J. van Wijk, J.M. Verstraten,
Comparison of diffusive gradients in thin films and
equilibrium dialysis for the determination of Al, Fe
(III) and Zn complexed with dissolved organic matter,
Sci. Total Environ. 277(1–3) (2001) 45–55.

[29] Intervention values and target values—Soil quality
standards, Dutch, Ministry of Housing, Spatial Plan-
ning and Environment, The Hague, 2000.

[30] Decree of Environmental Minister, Regarding soil
quality standards, Dz.U. 02.165.1359,2002 (in Polish).

[31] V.J.G Houba, E.J.M. Temminghoff, G.A. Gaikhorst,
W Van Vark, Soil Analysis Procedures Extraction
with 0.01M CaCl2, Department of Environmental
Science, 6th ed., Department of Soil Science and
Plant Nutrition, Wageningen Agriculture University,
1996.

[32] G. Rauret, Extraction procedures for the determination
of heavy metals in contaminated soil and sediment,
Talanta 46 (1998) 449–455.

[33] Standard Methods for the Examination of Water and
Wastewater, 20th ed., American Public Health Associ-
ation/American Water Works Association/Water
Environment Federation, Washington, DC, 1998.

[34] M.G. Keizer, W.H. Van Riemsdijk, Chemical Equilib-
rium in Soil, Water and Sediment, Sub-Department of
Soil Science and Plant Nutrition, Wageningen Univer-
sity, 1998.

[35] Destruction of heavy metals NEN6465 (in Dutch).
[36] F. Bordas, A. Bourg, Effect of solid/liquid ratio on the

remobilization of Cu, Water Air Soil Pollut. 128 (2001)
391–400.

[37] C. Guchte, M. Beek, J. Tuinstra, M. Van Rossenberg,
Values for water management, Background document
of 4th Nota Waterhuishouding, Committee Integral
Water Management, Den Haag (in Dutch), 2000.

[38] Decree of Environmental Minister Requirements that
surface water can be used as consuming water for
people Dz.U. 02.204.1728,2002 (in Polish).

[39] Decree of Environmental Minister Regarding criteria
and the way of estimation of the state of groundwa-
ter’s Dz.U. 08.143.896, 2008 (in Polish).

[40] W. Calmano, F.v.d. Kammer, R. Schwartz, Character-
isation of Redox Conditions in Soils and Sediments,
in: Soil and Sediments Remediations. Mechanism,
Technologies and Applications, IWA Publishing, 2005.

[41] S.R. Stephens, B.J. Alloway, A. Parker, J.E. Carter,
M.E. Hodson, Changes in the leachability of metals
from dredged canal sediments during drying and
oxidation, Environ. Pollut. 114 (2001) 407–413.

[42] G.A. Van den Berg, J.P.G. Loch, L.M. Van der Heijdt,
J.J.G. Zwolsman, Mobilisation of heavy metals in the
river Meuse, The Netherlands, Water Air Soil Pollut.
116 (1998) 567–586.

[43] F.M. Tack, O.W.J.J. Callewaert, M.G. Verloo, Metal sol-
ubility as a function of pH in a contaminated, dredged
sediment affected by oxidation, Environ. Pollut. 91
(1996) 208–219.

[44] W.H. Patrick, M. Verloo, Distribution of soluble heavy
metals between ionic and complexed forms in a
saturated sediment as affected by pH and redox
conditions, Water Sci. Technol. 37(6–7) (1998) 165–171.

[45] F.M.G. Tack, S.P. Singh, M.G. Verloo, Leaching behav-
iour of Cd, Cu, Pb and Zn in surface soils derived
from dredged sediments, Environ. Pollut. 106(1)
(1997) 107–114.

[46] M. Kerner, K. Wallmann, Remobilization events
involving Cd and Zn from intertidal flat sediments in
the elbe estuary during the tidal cycle, Estuarine
Coastal Shelf Sci. 35 (1992) 371–393.

3926 A. Popenda / Desalination and Water Treatment 52 (2014) 3918–3927



[47] P. Kelderman, A.A. Osman, Effect of redox potential
on heavy metal binding forms in polluted canal
sediments in Delft (The Netherlands), Water Res. 41
(2007) 4251–4261.

[48] J. Peng, Y. Song, P. Yuan, X. Cui, G. Qiu, The
remediation of heavy metals contaminated sediment,
J. Hazard. Mater. 161 (2009) 633–640.

[49] K.Ch. Yu, L.J. Tsai, Chemical binding of heavy metals
in anoxic river sediments, Water Res. 35(17) (2001)
4086–4094.

[50] K. Kalbitz, R. Wennrich, Mobilization of heavy metals
and arsenic in polluted wetland soils and its
dependence on dissolved organic matter, Sci. Total
Environ. 209 (1998) 27–39.

[51] C.K. Jain, I. Ali, Arsenic: Occurrence, toxicity and spe-
ciation techniques, Water Res. 34(17) (2000) 4304–4312.

[52] V. Cappuyns, R. Swennen, Secondary mobilisation of
heavy metals in overbank sediments, J. Environ.
Monitor. 6 (2004) 434–440.

[53] R.T. Wilkin, R.G. Ford, Arsenic solid-phase partition-
ing in reducing sediments of a contaminated wetland,
Chem. Geol. 228 (2006) 156–174.

[54] P.H. Masscheleyn, R.D. Delaune, W.H. Patrick, Effect
of redox potential and pH on arsenic speciation and
solubility in a contaminated soil, Environ. Sci.
Technol. 25 (1991) 1414–1419.

[55] C. Van Griethuysen, E.W. Meijboom, A. Koelmans,
Spatial variation of metals and acid volatile sulfide in
floodplain lake sediment, Environ. Chem. 22(3) (2003)
457–465.

[56] R.J. Glopper, A.G.M. Minten, H.J. Winkels HJ,
Chemical ripening of the soil in Zuidelijk Flevoland
(in Dutch), flevobericht No. 331, Ministry of
Transport, Public Work and Water Management,
Lelystad, 1992.

[57] V.P. Evagelou, Environmental Soil and Water Chemis-
try, Principles and Applications, John Wiley & Sons,
New York, NY, 1998.

A. Popenda / Desalination and Water Treatment 52 (2014) 3918–3927 3927


	Abstract
	1. Introduction
	2. Material and methods
	2.1. Samples
	2.2. Sediment characteristics
	2.3. Experiments
	2.4. Chemical analyses

	3. Results and discussion
	3.1. Redox potential and metal and As concentrations in liquid
	3.2. Mass balances

	4. Conclusions
	Acknowledgments
	References



