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ABSTRACT

In order to overcome the drawbacks of small particle-sized adsorbents, schwertmannite
powder was fabricated into granules in the present study. These granules were evaluated
for Sb(III) and Sb(V) removal from water and intraparticle mass transfer resistance of Sb(III)
and Sb(V) onto the porous adsorbent was modeled. Schwertmannite granules (SG) exhibited
capacities of 32.9 mg/g for Sb(III) and 23.2 mg/g for Sb(V), respectively, which are superior
to many reported granular adsorbents and even powder adsorbents. Mass transfer was sep-
arately modeled using the pore volume diffusion model and surface diffusion model. The
film diffusion coefficients, kL, range from 1.09 × 10−5 to 3.08 × 10−5 cm/s. The pore diffusion
coefficients, Dep, range from 6.20 × 10−5 to 10.85 × 10−5 cm2/s, and the surface diffusion
coefficients, Ds, range from 1.12 × 10−9 to 3.57 × 10−9 cm2/s. The concentration decay data-
sets were successfully fitted with these best obtained parameters. Sb(III) was effectively
removed over a wide pH range, while the removal of Sb(V) was pH dependent and could
be enhanced by lowering solution pH. Sb(III)-loaded SG was regenerated with 91.2% re-ad-
sorption capacity retained after five cycles when using 0.6% NaOH as the stripping solution.
The desorption of Sb(V) was not as successful as Sb(III). Before breakthrough (5 μg/L)
occurred, 1,690 and 712 bed volumes (BVs) of Sb(III), and 769 and 347 BVs of Sb(V) were
treated when operating at space velocity values of 2 and 6 h−1, respectively. Considering
the low cost and the granular form of schwertmannite, the adsorbent is a promising mod-
estly priced adsorbent and can be easily used in packed bed or filter units for practical
application.
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1. Introduction

Antimony (Sb) occurrence and contamination in
aquatic and soil systems have raised extensive concern
since recent findings elucidated its health effects [1].
Antimony is ubiquitous in the environment as a result
of natural processes and human activities. Typical
concentrations of total dissolved antimony are usually
below 1.0 μg/L in non-polluted waters [1]. Elevated
Sb concentrations can be observed in geothermal
springs, Sb mining and smelting areas, shooting
ranges, and municipal waste incineration plants [1–3].
Human exposures to antimony vary from inhalation
in Sb-processing working areas, intake from contami-
nated diets and groundwater, and release from Sb-
containing food packages (plastic, ceramic, drinking
cup, etc.) [4]. Antimony and its compounds are con-
sidered to be priority pollutants by the USEPA and
the EU. Rigorous guidelines or regulation limits for
antimony in water have been set by international
agencies and many countries. These limits include:
WHO, 20 μg/L; USEPA, 6 μg/L; HC (Health Canada),
Canada, 6 μg/L; EU, 5 μg/L; Ministry of Health
(MOH), China, 5 μg/L, etc. [5–8].

Sb(V) and Sb(III) are the most frequently observed
species in natural aquatic environments. Sb(OH)�6 is
the predominant species of Sb in oxygenated aqueous
systems and Sb(OH)3 in anoxic water and pore water
[1]. Several studies have concluded that iron and alu-
minum (oxy)hydroxides and oxides, such as schwert-
mannite, goethite, ferrihydrite, boehmite, and gibbsite
appear to be excellent adsorbents for antimony mitiga-
tion from water [9–13]. Recently, schwertmannite has
attracted substantial interest for hazardous anion and
heavy metal removal from water, and it is an effective
scavenger for antimony, arsenic, fluoride, Cu2+, etc.
[12–15]. Schwertmannite is a poorly crystalline Fe(III)-
oxyhydroxy sulfate mineral with a variable composi-
tion, typically represented as Fe8O8(OH)8–2x(SO4)x
(where x falls within 1–1.75), which occurs naturally
in acid mine drainage. It can be chemically synthe-
sized [16,17] or biosynthesized [18,19].

Freshly synthesized schwertmannite consists of
small particle-sized colloids or precipitates [14,15].
This is a drawback for engineering pollution mitiga-
tion systems. Small particles cause large pressure
drops in packed plug flow units. It can raise turbidity
and colloid levels in effluent. The operation and main-
tenance of such small particle units would be difficult.
The complete separation from effluent, recycle in con-
tinuous flow stirred-tank reactors (CSTRs), or satisfac-
tory flow through packed columns require converting
schwertmannite into granules to be used effectively in
practice.

We previously reported several granulation meth-
ods including vibration-dropping, spray coating,
extrusion, and drum granulation, which allowed the
resulting granules to be used for AsO3�

4 removal
[16,20]. Here, a schwertmannite granule (SG) adsor-
bent was made and evaluated for Sb(III) and Sb(V)
removal. Since granular schwertmannite is porous,
mass transfer resistance is involved in its use in batch
and continuous operations. Thus, investigation of the
mass transfer of adsorbate onto SG would be valuable
for adsorbent comparison and adsorption unit design.
The mass transfer behavior of Sb(III) and Sb(V) within
SG was simulated using both the pore volume diffu-
sion model (PVDM) [21] and the surface diffusion
model (SDM) [22], both of which are introduced in
detail in the Materials and methods section.

In the present study, SG was prepared and then
evaluated in both batch and column tests. The
removal efficiency was evaluated vs. contact time, ini-
tial concentration, and solution pH. The mass transfer
process was modeled using both the PVDM [21]
model and the SDM model [22]. The film diffusion
coefficients (kL), pore diffusion coefficients (Dep), and
surface diffusion coefficients (Ds) were numerically
determined. The overall aims of this study were (1) to
assess the capability of SG to remove Sb(III) and Sb(V)
from water and (2) to demonstrate the mass transfer
mechanisms of Sb(III) and Sb(V) onto the granular
adsorbent.

2. Materials and methods

2.1. Materials

All chemicals were analytical grade reagents. The
Sb(III) and Sb(V) stock solutions were prepared with
deionized water using antimony potassium tartrate
and potassium pyroantimonate, respectively. Solutions
containing Sb(III)/Sb(V) were freshly prepared by
diluting the stock solution with distilled water.

2.2. Adsorbent preparation and characterization

Schwertmannite powder was prepared following a
modified procedure from Cornell and Schwertmann
[16,17], using FeCl3 and Na2SO4 as reactants in a 4 m3

stirred-tank reactor. The deionized water (2 m3) was
fed into the reactor and heated to 60˚C first. Then, the
raw reactants were quickly added to obtain concentra-
tions of 0.02 mol/L Fe3+ and 0.01 mol/L SO2�

4 . The
solution was vigorously stirred and maintained at
60˚C for 12 min. Then the mixture was cooled to room
temperature. The suspension was washed five times
using deionized water and dried in a spray-drying
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tower. The schwertmannite powder has a BET surface
area of 206.1 m2/g. Then SGs with an irregular shape
were fabricated on an oscillating granulator using a
drum granulation procedure, as described in our pre-
vious report [16]. The final products were oven-dried
at 60˚C for 24 h and stored in a desiccator for further
use. The granules had an average diameter of 1.3 mm.
The surface area, bulk density, void fraction, and pore
tortuosity were SA = 199.43 m2/g, ρp = 0.33 g/cm3,
εp = 0.359, and τ = 1.824, respectively.

2.3. Batch adsorption experiments

Isotherm experiments on SG were carried out at
25 ± 1˚C. Initial Sb(III) or Sb(V) concentrations from 0
to 70.57 mg/L, respectively, were used with an adsor-
bent dose of 1 g/L at a pH of 7.0 ± 0.2. After shaking
for 48 h, the residual Sb(III) or Sb(V) was analyzed in
the filtrate, which had been separated using a 0.45-μm
membrane.

A Sb(III)/Sb(V) stock solution and deionized water
were added into each of a series of 2,000-ml glass con-
ical flasks to achieve an initial Sb(III) concentration of
ca. 22 mg/L or Sb(V) concentration of ca. 23 mg/L,
with a total volume of 1,000 ml. Then, the granular
adsorbents were added at a dose of 0.5, 1, 2, and
4 g/L, respectively, for either the Sb(III) or Sb(V) solu-
tion. The pH of these mixtures was adjusted and
maintained at 7.0 ± 0.2 throughout the experiment.
These mixtures were shaken at 120 rpm and main-
tained at 25 ± 1˚C. Approximately 3-ml aliquots were
taken from each suspension at predetermined inter-
vals. These samples were immediately filtered through
a 0.45-μm membrane, and then the residual Sb in solu-
tion was analyzed.

The effect of solution pH on the Sb removal was
studied in 250-ml glass bottles containing 100 ml of Sb
solution with 8.98 mg/L of Sb(III) or 9.49 mg/L of Sb
(V) and a SG dose of 1 g/L. The pH was adjusted and
maintained at a specified value in the range from 3.5
to 9.0. Temperature was maintained at 25 ± 1˚C. A
shaking time of 24 h was maintained, then the suspen-
sion was filtered through a 0.45-μm membrane, and
the residual Sb(III) or Sb(V) was analyzed.

2.4. Regeneration and reuse experiments

SG adsorbent regeneration studies were carried out
in a batch mode. Sb(III) or Sb(V) was first adsorbed
from 100 ml solutions with respective initial concen-
trations of 9.30 mg/L, a granular adsorbent dose of
1 g/L, and pH of 7.0 ± 0.2. After a 10-h adsorption
period, the granular adsorbents were then collected by

filtration and placed into 100 mL of pH 5 deionized
water (adjusted by HCl) for 4 h to neutralize residual
alkali in the pores. The SG was air-dried for further
regeneration experiments. The regeneration experi-
ments were performed by shaking the Sb-loaded
adsorbent in 100 mL NaOH solutions of different con-
centrations for a period of 10 h at 25 ± 1˚C. Then, the
regenerated SGs were reused for Sb(III) or Sb(V)
adsorption applying the same conditions as the first
adsorption step. The regeneration–reuse experiments
were repeated for five times.

2.5. Column experiments

Column studies on the SGs were performed in per-
spex columns with an inner diameter of 2.0 cm and a
length of 40 cm. The height of the packed SG bed was
20 cm and the volume was 62.8 ml. Sb(III) (200 μg/L)
or Sb(V) (200 μg/L) spiked deionized water, respec-
tively, was used as the influent. The SG columns were
operated at space velocity (SV) values of 2 and 6 h−1,
respectively. SV refers to the quotient of the entering
volumetric flow rate of the reactants divided by the
reactor volume (or the adsorption bed volume). SV
indicates how many reactor volumes of feed can be
treated in a unit time. The corresponding empty bed
contact times (EBCT) were 30 and 10 min, and the
superficial liquid velocity (SLV) were 0.4 and 1.2 m/h,
respectively. The effluent was collected at regular
intervals and the Sb concentrations were measured. A
breakthrough value of 20 μg/L was set for the column
study.

2.6. Diffusion model

Three well-known simultaneous steps, including
external mass transfer (also called film diffusion),
intraparticle diffusion, and adsorption on active sur-
face sites, generally account for the overall adsorption
rate by porous adsorbents [21,23]. During batch
adsorption, intraparticle diffusion could occur as pore
volume diffusion, surface diffusion, or both [24]. A
general diffusion model (Eqs. (1)–(6)) summarizing the
three steps was proposed by Leyva-Ramos [23,25].
This model has been successfully used in pharmaceu-
ticals personal care products (PPCPs), phenol, and flu-
oride adsorption on porous materials [21,22,24,26]:

V
dCA

dt
¼ �mSkLðCA � CA;r r¼Rp

�� Þ (1)

t ¼ 0; CA ¼ CA0 (2)
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where Eq. (1) is the film diffusion equation and Eq. (3)
is the pore diffusion equation. Eqs. (2) and (4) are ini-
tial conditions for CA and CA,r, and Eqs. (5) and (6)
are boundary conditions for Eq. (3). The mass trans-
port parameters of the general diffusional model are
the external transfer coefficient (kL), surface diffusion
coefficient (Ds), and effective diffusion coefficient in
the pore volume (Dep). The general model may be
simplified as the PVDM or as the SDM, respectively,
by assuming the pore volume diffusion is the only
intraparticle diffusion mechanism (Dep ≠ 0, Ds = 0), or
considering that surface diffusion contributes exclu-
sively to intraparticle diffusion (Dep = 0, Ds ≠ 0)
[23,27].

The rate of adsorption on active sites is assumed
to be instantaneous, once the adsorbate reaches the
active site. The amount of adsorbed adsorbate, q, can
be related to the adsorbate concentration in the pore
volume, CA,r, by adsorption isotherm equations, such
as the Freundlich [25], Langmuir [24], or Radke–
Prausnitz [28] isotherms.

The external mass transfer coefficient, kL, was esti-
mated using the method proposed by Furusawa and
Smith [29]. This method is based on Eq. (1), which
was evaluated at the initial conditions t = 0, when the
adsorbate concentration on the porous adsorbent sur-
face is close to zero, CA,r ≈ 0. Substituting these condi-
tions in Eq. (1) gives:

dðCA=CA0Þ
dt

¼ �kL
V

mS
(7)

The term on the right was calculated using the first
two points at t = 0 min and t = 10 min of the kinetics
data-sets.

The SGs were treated here as spheres for simplifi-
cation. The mass transfer of Sb(III) and Sb(V) into SG
was modeled using the approach described above.
The coupled partial and ordinary differential equa-
tions were numerically solved using the program
PDE2D v9.4 free version with the Lahey Fortran
compiler LF90 v4.5 [30].

2.7. Analytical methods

The residual Sb(III)/Sb(V) concentrations were
analyzed by a hydride generation-atom fluorescence
spectrometer (HG-AFS, AF-610D2, Beijing Rayleigh
Analytic Instrument Corporation, China) using a pub-
lished method [31].

3. Results and discussion

3.1. Adsorption isotherm of Sb(III) and Sb(V) on SG

The adsorption capacity at a given condition is a
basic and critical parameter for comparing and screen-
ing adsorbents, designing adsorption units, and opti-
mizing operation conditions. Higher capacity means
longer service time and lower costs involved for
adsorbent replacement, regeneration, and other main-
tenance operations.

The Sb(III) and Sb(V) adsorption isotherms on SG
are presented in Fig. 1. The equilibrium data were fit-
ted to three isotherm equations, including the Lang-
muir [32], Freundlich [33], and Radke–Prausnitz [28]
isotherm models. The corresponding model parame-
ters are summarized in Table 1. In general, slightly
higher correlation coefficients and smaller root-
mean-square errors (RMSE) for q (Eq. (8)) were
observed using the Radke–Prausnitz isotherm than
using the Langmuir isotherm or the Freundlich iso-
therm (Table 1) for both Sb(III) and Sb(V) adsorption.
This is as expected since the Radke–Prausnitz iso-
therm is a three-parameter model, which fitted
the experimental data reasonably well, yielding

Fig. 1. The Sb(III) and Sb(V) adsorption isotherms on SGs.
Initial Sb(III) or Sb(V) concentrations, 0–70.57 mg/L; adsor-
bent dose, 1 g/L; shaking time, 48 h; pH, 7.0 ± 0.2, temper-
ature, 25 ± 1˚C.
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determination coefficients (R2) above 0.990 and the
RMSE value less than 1.83.

RMSEq ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiPn

i¼1 ðqexp � qpredÞ2
n

s
(8)

SG show a higher uptake capacity for Sb(OH)3
(84.03 mg/g) than Sb(OH)6 (78.60 mg/g) at pH 7.0. A
similar phenomenon was observed previously for Sb
(III) and Sb(V) adsorption on goethite, akaganéite, and
hematite at pH 4.0, 7.0, and 9.0 [9]. Mason et al. [34]
indicated that hydrated hematite has a larger favor-
able adsorption energy and higher reactivity toward
Sb(III) than Sb(V) using density functional theory
(DFT) modeling. This provided a clue to understand
the binding behavior difference of Sb(III) and Sb(V) on
SG. Differences could also be attributed to the possible
exchange with the sulfate groups present in the
schwertmannite particles. A study conducted by
Burton et al. [15] on As(III) and As(V) binding on
schwertmannite points out the different anion
exchange ratio produced for these two ions. A similar
behavior could be expected for Sb(III) and Sb(V)
on SG.

It is worthwhile to compare the Sb(III) and Sb(V)
adsorption capacities of SG with other granular adsor-
bents reported in the literature. Considering the Sb
concentration ranges found in polluted areas [35],
these adsorbents were compared under a fixed equi-
librium concentration of 1 mg/L Sb(III) or Sb(V) at pH
7.0 (Table 2). SG exhibited a better performance than

many reported adsorbents. There are three reasons for
this result. First, schwertmannite shows good Sb(V)
and Sb(III) removal [9]. Second, we used a drum gran-
ulation procedure, which can fabricate better granules
(with a BET surface area of 199.4 m2/g) than the
extrusion granulation procedure (189.3 m2/g), spray-
coating (32.5 m2/g), or other coating granulation pro-
cedures [16]. Third, both complexation to the surface
hydroxyl groups and anion exchange could contribute
to adsorption. This leads to an additional adsorption
compared with other iron oxides.

3.2. Experimental kinetic data for Sb(III) and Sb(V)
adsorption on SG

Adsorption kinetic parameters are critical for
designing adsorption units and optimizing operational
conditions. First, kinetics data is used to make deci-
sions about the adsorbent type and which specific
adsorbent will be selected for use. Second, the kinetic
properties control the required contact time of a batch
reactor or the cycle time of a fixed bed adsorption pro-
cess. Third, modeling kinetics using adsorption diffu-
sion models (e.g. film diffusion model (FDM), PVDM,
SDM or their combinations) can reveal more informa-
tion on mass transfer across the liquid film or within
particle. This helps to understand the removal process
within granular adsorbents.

Figs. 2–5 show the experimental concentration
decay curves of Sb(III) and Sb(V) sorption from water
onto SG at various adsorbent dosages. Equilibrium
time was gradually shortened when the adsorbent
dosage increased from 0.5 to 4 g/L. The equilibrium
was reached within 4 h with a dosage of 4 g/L for
both Sb(III) and Sb(V) adsorption, and most sorption
(>95.7%) took place within this period. After 4 h, there
was a negligible increase in adsorption rate and the
residual Sb(III) and Sb(V) concentrations remained
almost unchanged.

3.2.1. Calculation of external mass transport
parameters, kL

The external mass transfer coefficient (kL) repre-
sents the resistance of external mass transfer or the so-
called film resistance across the liquid film in the
outer surface of the adsorbents. It was calculated
using Eq. (7). The estimated kL values are given in
Table 3. They ranged from 1.09 × 10−3 to
3.08 × 10−3 cm/s, and decreased with increasing SG
dosages for Sb(III) adsorption. This drop in kL resulted
from a lower concentration driving force per mass of

Table 1
Adsorption isotherm parameters for Sb(III) and Sb(V)
adsorption on the SGs

Equations

Values

Parameters Sb(III) Sb(V)

Langmuir qmax (mg/g) 84.03 78.60
qe¼ qmaxbCe

1þ bCe
b (L/mg) 0.668 0.416
R2
L 0.988 0.988

RMSE 2.19 1.93
Freundlich k 31.37 22.69
qe ¼ kC1=n

e n 1.933 1.771
R2
F 0.985 0.996

RMSE 2.46 0.94
Prausnitz–Radke a 84.77 77.20
qe ¼ a Ce

1þ bCb
e

b 1.574 2.321
β 0.745 0.576
R2
PR 0.990 0.997

RMSE 1.83 0.86
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adsorbent ((CA0 − CA)/g-adsorbent). The change in kL
values for Sb(V) adsorption was more complicated. kL
increased when the initial Sb(V) concentration was
raised from 23.63 to 26.37 mg/L accompanied with an
adsorbent dosage increase from 0.5 to 2.0 g/L. Then kL
drops at a 4 g/L adsorbent dose. These changes were
due to the increased driving force per mass adsorbent
((CA0 − CA)/g-adsorbent) when initial Sb(V) concentra-
tions were raised first, and then a drop in the driving
force when the dose reached 4 g/L. The kL values
listed in Table 3 were put into in Eq. (6) and com-
bined to resolve the intraparticle mass transfer param-
eters, Dep or Ds. That means the kL values are the

basic parameter for further modeling and the film
diffusion process was incorporated into the pore
volume diffusion or SDM.

3.2.2. Dep determination using the PVDM

The concentration decay data-sets were fitted using
the PVDM as presented in Eqs. (1)–(6). According to
the PVDM model, the intraparticle diffusion is exclu-
sively due to pore volume diffusion. The mass transfer
parameters of the PVDM model are kL and Dep. kL
was estimated with Eq. (7). Dep was solved numeri-
cally by setting Ds = 0. The optimal value of Dep was

Table 2
A performance comparison between the SGs and various reported adsorbents for Sb(III) and Sb(V) removal from water

Adsorbent Adsorbates
Adsorbent
forms

Dose
(g/L)

Temperature
(˚C) pH

Equilibrium
Time (h)

Capacity
(mg/g) Refs.

Granular
schwertmannite

Sb(III) 1.0–1.6 mm 1 25 ± 1 7.0 ± 0.2 48 32.9
(Radke–Prausnitz
isotherm)

Present
study

PVA-Fe0 Sb(III) Granules,
2.04 ± 0.98 mm

2 25 ± 1 7.0 ± 0.2 48 2.6
(Langmuir isotherm)

[36]

Hematite
modified nano-
magnetite

Sb(III) Fine powder 0.1 25 4.1 36 23.9
(Freundlich isotherm)

[37]

Commercial
nano-magnetite

Sb(III) Fine powder 0.1 25 4.1 36 10.3
(Freundlich isotherm)

[37]

Coated quartz
sand

Sb(III) 0.6–0.8 mm 20 25 ± 0.5 7.0 ± 0.1 24 0.9
(Langmuir isotherm)

[38]

Graphene-
schwertmannite
composites

Sb(III) Fine powder 0.3 25 ± 1 7.0 ± 0.2 24 54.7
(Langmuir isotherm)

[12]

Goethite
(α-FeOOH)

Sb(III) Fine powder 0.7 25 3.9 ± 0.7 24 1.9
(Langmuir isotherm)

[39]

Granular
schwertmannite

Sb(V) 1.0–1.6 mm 1 25 ± 1 7.0 ± 0.2 48 23.2
(Radke–Prausnitz
isotherm)

Present
study

PVA–Fe0 Sb(V) Granules,
2.04 ± 0.98 mm

2 25 ± 1 7.0 ± 0.2 48 0.4
(Langmuir isotherm)

[36]

Iron-zirconium
bimetal oxide

Sb(V) Fine powder 0.2 25 ± 1 7.0 ± 0.2 24 46.9
(Langmuir isotherm)

[40]

Commercial
akaganeite,
GEH

Sb(V) <100 μm 2 Room
temperature

7.0 24 27.5
(Langmuir isotherm)

[41]

Synthetic
akaganeite

Sb(V) Fine powder 2 Room
temperature

7.0 24 41.8
(Langmuir isotherm)

[41]

HFO-polymeric
anion
exchanger

Sb(V) Spherical
shape,
0.6–0.7 mm

0.5 25 6 24 17.0
(Langmuir isotherm)

[42]

HFO-calcite Sb(V) Irregular shape,
0.45–0.9 mm

0.5 25 6 24 7.3
(Langmuir isotherm)

[42]

Note: The performances were compared at an equilibrium concentration of 1 mg/L and an adsorbent dose of 1 g/L at pH 7.0 ± 0.1.
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obtained by minimizing the RMSE values for CA

(Eq. (9)):

RMSECA ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiPn

i¼1 ðCA;exp � CA;predÞ2
n

s
(9)

The optimal value of Dep and corresponding fitting
parameters are summarized in Table 3. The fitting
curves using the PVDM model with the best fitted Dep

values are presented in Figs. 2 and 3. The best fitting
values of Dep vary from 6.20 × 10−6 to
10.85 × 10−6 cm2/s.

Fig. 2. PVDM modeling of Sb(III) adsorption on SGs with adsorbent doses of (a) 0.5 g/L, (b) 1 g/L, (c) 2 g/L and (d) 4 g/
L, respectively. Initial Sb(III) concentrations, 22.21–22.93 mg/L; pH, 7.0 ± 0.2; shaking speed, 150 rpm; temperature, 25
± 1˚C.

Table 3
Experimental conditions and mass transfer coefficients for Sb(III) and Sb(V) adsorption on the SGs

Species CA0 (mg/L) m (g) Ce (mg/L) qe (mg/g) kL × 103 (cm/s) Dep × 106 (cm2/s) Ds × 109 (cm2/s)

Sb(III) 22.45 0.5 1.84 41.22 3.08 6.20 2.33
22.94 1.0 0.95 21.99 1.98 6.28 1.57
22.21 2.0 0.49 10.86 1.67 8.98 1.53
22.66 4.0 0.47 5.55 1.43 10.28 1.12

Sb(V) 23.63 0.5 2.30 42.66 1.09 10.85 3.57
23.81 1.0 0.72 23.09 1.89 9.78 2.71
26.37 2.0 0.33 13.02 2.16 7.01 1.88
26.30 4.0 0.15 6.54 1.69 9.45 1.48
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3.2.3. Ds determination using the SDM

The concentration decay data-sets were separately
fitted using the SDM model (Figs. 4 and 5). In the
SDM model, the intraparticle diffusion is solely due to
surface diffusion. The mass transfer parameters of the
SDM model are kL and Ds as described in Eqs. (1)–(6).
Eq. (7) was used to estimate kL. Ds was solved numeri-
cally with Dep = 0 and the optimal value was obtained
by minimizing the RMSE value (Eq. (9)). The fitting
parameters obtained are summarized in Table 3. The
fitting curves using the SDM model with the best fit-
ted Ds values are presented in Figs. 4 and 5. The best
fitting values of Ds range from 1.12 × 10−9 to
3.57 × 10−9 cm2/s.

The effect of the mass of Sb(III) or Sb(V) adsorbed
at equilibrium, qe, on the surface diffusion coefficients,
Ds, was analyzed, respectively (Fig. S1). Ds for both Sb
(III) and Sb(V) adsorption increased with increasing
amounts of qe. Similar Ds changes were reported for
phenol adsorption on organobentonite [24], dyes [43]
and pentachlorophenol [44] adsorption on granular
activated carbon. Mollah and Robinson [45] suggested

a relationship between qe and Ds as described in
Eq. (10):

Ds ¼ Ds0 eaqe (10)

where Ds0 (cm2/s) is the effective surface diffusion
coefficient at zero surface coverage and α (g/mg) is a
constant in Eq. (10). The best fitted Ds0 and α values
were 1.11 × 10−8 cm2/s and 0.018 g/mg for Sb(III)
adsorption, and 1.47 × 10−8 cm2/s and 0.021 g/mg for
Sb(V) adsorption, respectively, corresponding to SG
dosages of 0.5 to 4 g/L. The fitting curves with the
obtained Dsq and α values are plotted in Fig. S1. The
influence of qe on Ds could be explained by the differ-
ences in solid-phase driving force at different qe val-
ues. High qe means high solid phase concentration
and large amounts of adsorbates adsorbed on intra-
particle surface sites. High-adsorption energy sites
only account for small portions of these occupied sur-
face sites. A greater number of adsorbates on low-ad-
sorption energy sites could migrate on the surface
from one site to another [24]. High qe resulted in high

Fig. 3. PVDM modeling of Sb(V) adsorption on SGs with adsorbent doses of (a) 0.5 g/L, (b) 1 g/L, (c) 2 g/L and
(d) 4 g/L, respectively. Initial Sb(V) concentrations, 23.62–26.37 mg/L; pH, 7.0 ± 0.2; shaking speed, 150 rpm; temperature,
25 ± 1˚C.
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migration probabilities on intraparticle surfaces. Thus,
enlarged values of Ds were observed with greater qe
values.

Since there are no reported molecular diffusion
coefficient values (DAB) for antimonite and antimonate
in water, the theoretical pore volume diffusion coeffi-
cient could not be estimated using established equa-
tions for them. Thus, the relative contribution of pore
volume diffusion or surface diffusion to overall intra-
particle diffusion could not be evaluated. That means
either pore volume diffusion mechanism or surface
diffusion mechanism could not be excluded from the
intraparticle diffusion of Sb(III)/Sb(V) on SG. The
intraparticle diffusion in the present study could be
reasonably represented using both the PVDM and
SDM models with the obtained Dep and Ds

parameters.

3.3. Effect of pH on adsorption

Sb(III) and Sb(V) removals by SG vs. pH are shown
in Fig. 6. Sb(III) was effectively removed over a wide

pH range of 3.5–9.0. Sb(V) adsorption remained nearly
constant in the pH 3.5–5.0 range and then dropped at
pH above 5.0. The difference in Sb(III) and Sb(V) effi-
ciency may occur due to electrostatic force differences
existing between the sorbent surface and antimony
oxyanions present in solution. Sb(OH)�6 is the domi-
nate Sb(V) solution species existing over the pH range
(4–10) examined [1]. The pHpzc of the active phase in
granules is 5.1–7.2 [12,46]. Thus, lower pH (<pH 5.1)
favors more sorbent surface protonation. At pH above
5.1, surface of oxides is increasingly deprotonated and
negative charges increase on the surface that enhance
electrostatic repulsions between the surface and nega-
tively charged Sb(OH)�6 . Neutral Sb(OH)3 is the domi-
nate Sb(III) species present over the pH range of 3–11
[1]. Thus, increasing negative charges on the surface
don’t repel neutral Sb(OH)3 and its high removal
capacity is maintained as pH increases. Improved Sb
(III) vs. Sb(V) removal as pH is increased above 5.1, is
likely due to reduced surface repulsion forces relative
to those experienced by Sb(OH)�6 as pH increases,
especially at high pH values.

Fig. 4. SDM modeling of Sb(III) adsorption on SGs with adsorbent doses of (a) 0.5 g/L, (b) 1 g/L, (c) 2 g/L and
(d) 4 g/L, respectively. Initial Sb(III) concentrations, 22.21–22.93 mg/L; pH, 7.0 ± 0.2; shaking speed, 150 rpm; tempera-
ture, 25 ± 1˚C.
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3.4. Batch regeneration and reuse

Regeneration and recycling of SG were evaluated
using 2, 4, 6, and 8% aqueous NaOH stripping solu-
tions over five regeneration cycles (Fig. 7). Although
the extent of regeneration decreased upon repeated
recycling, only slight drops in re-adsorption capability
were observed for Sb(III) on SG. Using 6 and 8%
NaOH stripping solutions led to slightly higher re-
adsorption abilities vs. the use of 2 and 4% NaOH in
the 4th and 5th cycles. More than 91.2% of the original
Sb(III) adsorption capacity was maintained after five
recycles using 6% NaOH. This concentration is consid-
ered as the best option. It gives lower NaOH con-
sumption and less residual alkali within the
regenerated granules in comparison to stripping with
8% NaOH. The Sb(V) re-adsorption capacities of SG
dropped significantly after the 1st cycle in all cases.
The re-adsorption ability gradually increased from
30.6 to 50.0% using increasing NaOH concentrations
(2–8% in the 2nd cycle). However, more work is
required to find an effective stripping method for Sb
(V)-loaded SG. The unsatisfied re-adsorption capacity
could be caused by residual alkali retention, pore and

Fig. 5. SDM modeling of Sb(V) adsorption on SGs with adsorbent doses of (a) 0.5 g/L, (b) 1 g/L, (c) 2 g/L and (d) 4 g/L,
respectively. Initial Sb(V) concentrations, 23.62–26.37 mg/L; pH, 7.0 ± 0.2; shaking speed, 150 rpm; temperature, 25 ± 1˚C.

Fig. 6. Effect of solution pH on Sb(III) and Sb(V) adsorp-
tion by SGs. Initial Sb(III) concentration, 8.98 mg/L; initial
Sb(V) concentration, 9.49 mg/L; adsorbent dose, 1 g/L;
total solution volumes, 100 ml; pH range, 3.5–9.0; tempera-
ture, 25 ± 1˚C, and shaking time, 24 h.
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surface properties changes, insufficient desorption and
very subtle conversions of a mineral phase which was
not strong enough to be identified by XRD (Fig. S2).
On the other hand, another possible reason for the dif-
ferences observed after use is how sulfate ions behave
in this mineral. Increasing the pH may release a frac-
tion of sulfate ions upon facial exchange with the Sb
ions. Sulfate ions may not be re-adsorb during the
regeneration process conducted here, therefore chang-
ing schwertmannite reactivity. According to USEPA’s
suggested solutions [47], the effluent from the regener-
ation stage could be safely discharged into publicly
owned treatment works (POTW) after antimony
removal and pH adjustment. In a similar way, Sb(III)

or Sb(V) was readily precipitated using FeCl3, and
then discharged into POTW. A coagulation experiment
(Table S1) showed that 5 mg/L Sb(III) or Sb(V) was
readily be precipitated by 40 and 60 mg/L FeCl3,
respectively, after adjusting pH to 8.0. The residual Sb
(III) and Sb(V) concentrations were lower than
1.0 mg/L. Then the precipitate could be separated and
finally disposed. The residual brine (pH 6–9) could be
discharged into POTW. Accordingly, a discharge
permit must be filed with the local agency for this
discharge.

3.5. Column tests using Sb(III) or Sb(V)-spiked water

Column or fixed bed dynamics represent among
the most important and necessary data for adsorber
or adsorption unit design. The lifespans before break-
through that occurred at various operational condi-
tions can be used for scaling up adsorber units. In
the present study, columns were operated with an
influent Sb(III) or Sb(V) concentration of 200 μg/L
(Fig. 8). Before the Sb concentration in the effluent
reached the 5 μg/L regulation limit (MOH, China),
1,690 and 712 bed volumes (BVs) of Sb(III), and 769
and 347 BVs of Sb(V), operated at SV values of 2
and 6 h−1, respectively, were treated. More than 2,700
and 1,500 BVs of Sb(III), and 1,790 and 650 BVs of
Sb(V) could be treated before breakthrough when
operated at these same SV values, respectively, if the
WHO guideline (20 μg/L, the breakthrough value)
was applied. This confirmed that this granular adsor-
bent has a good performance in the continuous treat-
ment of Sb(III) or Sb(V), and the adsorbent has a
great potential as a practical adsorbent candidate.
The parameters obtained in this work could be used
as the basic parameters in further scaling up design.
In addition, a mass balance calculation indicated that
the concentrations of total loaded adsorbates onto
packed SG column were about 1.01 and 0.44 mg/g of
Sb(III), and 0.57 and 0.24 mg/g of Sb(V), respectively,
at SV values of 2 and 6 h−1. The cumulative capaci-
ties of the column tests were far lower than the val-
ues of 11.50 mg-Sb(III)/g-SG (pH 7.0) and 8.05 mg-Sb
(V)/g-SG (pH 7.0), respectively, calculated from the
Radke–Prausnitz isotherm at an equilibrium concen-
tration of 200 μg/L. Such phenomena has been
commonly observed and reported in other studies
[48]. These lower cumulative capacities were attribu-
ted to the low Sb(III) and Sb(V) concentration, short
contact time, and mass transfer resistances within the
column.

Fig. 7. Re-adsorption capabilities of SGs for (a) Sb(III) and
(b) Sb(V) in 5 adsorption-regeneration cycles vs. the aque-
ous NaOH concentrations used for regeneration. Initial Sb
(III) or Sb(V) concentrations, 9.30 mg/L; adsorbent dose,
1 g/L; pH, 7.0 ± 0.1, shaking time, 24 h; temperature,
25 ± 1˚C.
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4. Conclusions

SG exhibits a Sb(III) capacity of 32.9 mg/g and a
Sb(V) capacity of 23.2 mg/g, with an equilibrium con-
centration of 1 mg/L and an adsorbent dose of 1 g/L
at pH 7.0 ± 0.1. This performance is superior to many
reported granular adsorbents. Sb(III) and Sb(V) sorp-
tion kinetics data-sets were successfully modeled
using the PVDM and SDM, respectively. The film dif-
fusion coefficients, kL, decrease and the pore diffusion
coefficients, Dep, and surface diffusion coefficients, Ds,
increase as SG dosages were raised from 0.5 to 4 g/L
under similar initial Sb(III) concentrations. The values
of kL and Dep were more dependent on initial Sb(V)
concentrations rather than SG dosages, while Ds

increases with increasing SG dosages. Sb(III)-loaded
SG could be regenerated effectively and reused for
five cycles. A 91.2% re-adsorption capacity was

retained using a 6% NaOH stripping solution. The
regeneration of Sb(V)-loaded SG using NaOH solu-
tions was not successful and needs to be improved in
future work. Column performance evaluations demon-
strated that Sb(III) was more successfully removed
than Sb(V) prior to breakthrough (5 μg/L). The batch
and column performances indicated the granular
adsorbents are promising for practical application.

Supplementary material

The supplementary material for this paper is avail-
able online at [http://dx.doi.10.1080/19443994.2016.
1155176].
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Fig. 8. Breakthrough curves from column experiments dur-
ing Sb(III) and Sb(V) adsorption on SGs. Initial Sb(III) or
Sb(V) concentration = 200 μg/L; influent pH, 7.0 ± 0.2,
specific velocity (SV), 2 and 6 h−1, respectively; SLV, 0.4
and 1.2 m/h, respectively.

Nomenclature

CA — concentration of adsorbate in aqueous solution
(mg/L)

CA,exp — experimental concentration of adsorbate in
aqueous solution (mg/L)

CA,pred — concentration of adsorbate in aqueous solution
predicted with the PVDM or SDM model
(mg/L)

CA0 — concentration of adsorbate in aqueous solution
(mg/L)

CA,r — concentration of adsorbate within the particle
at distance r (mg/L)

CA,r|

r=Rp

— concentration of adsorbate at the external
surface of the particle at r = Rp (mg/L)

Ce — concentration of adsorbate on the equilibrium
between adsrobate in solution and in solid
phase (mg/L)

dp — average pore diameter (nm)
DAB — molecular diffusion coefficient at infinite

dilution (cm2/s)
Dep — effective pore volume diffusion coefficient

(cm2/s)
Ds — surface diffusion coefficient (cm2/s)
Ds0 — effective surface diffusion coefficient at zero

surface coverage (cm2/s)
α — constant in Eq. (8) (g/mg)
kL — external mass transfer coefficient in liquid

phase (cm/s)
m — mass of adsorbent (g)
q — mass of adsorbate adsorbed (mg/g)
qexp — experimental mass of adsorbate adsorbed

(mg/g)
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