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ABSTRACT

This study investigates the performance of granular dead anaerobic sludge (GDAS)
bio-sorbent as permeable reactive barrier (PRB) in removing lead from a contaminated shal-
low groundwater. Batch tests have been performed to characterize the equilibrium sorption
properties of the GDAS and sandy soil in lead-containing aqueous solutions. A 1D advec-
tion–dispersion equation, solved by computer solutions Multiphysics 3.5a software which is
based on finite element method, has been used to simulate the equilibrium transport of
Pb+2 ions within groundwater. This equation has taken into account the pollutant sorption
onto the GDAS and sandy soil which is performed by Langmuir equation. Numerical
results proved that the PRB plays a potential role in the restriction of the contaminant
plume migration. These results also show that the thicker PRB is better than the thinner
ones in lead treatment and the barrier starts to saturate with contaminant as a function of
the travel time. A good agreement between the predicted and experimental results was
recognized with root mean square error not exceeded the 0.0499.

Keywords: Granular dead anaerobic sludge; Lead; Permeable reactive barrier; Groundwater;
Transport

1. Introduction

Contaminated groundwater is currently one of
the major environmental problems facing the earth.
There are many technologies to remediate contami-
nants in groundwater [1]. The most common
technology used historically for remediation of
groundwater has been ex situ pump-and-treat sys-
tems. These systems extract groundwater to the
surface; treat it by different approaches such as:
adsorption and either re-introduce the treated water

to the subsurface or discharge it to a storm drain.
This technique is difficult, costly and ineffective
most of the time in removing enough contamination
to restore the groundwater to drinking water stan-
dards in acceptable time frames [2–4]. Accordingly,
permeable reactive barriers (PRBs) technology was
alternative method used to remediate groundwater
contaminated with different types of contaminants. It
is found to be more cost effective than pump-and-
treat. It has also been a demonstrated potential to
diminish the spread of contaminants. The definition
of PRBs according to the EPA as follows [5]:
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an emplacement of reactive materials in the subsur-
face designed to intercept a contaminant plume,
provide a flow path through the reactive media, and
transform the contaminant(s) into environmentally
acceptable forms to attain remediation concentration
goals down gradient of the barrier

Considerable theoretical and experimental studies on
PRBs using different types of reactive medium such as
activated carbon, zeolite and zero-valent iron (ZVI) for
treatment of heavy metals in groundwater have been
achieved. For example, a set of batch and column tests
were conducted to determine the design factors for
clinoptilolite, one of the natural zeolites, PRBs against
the contaminated groundwater by ammonium and
heavy metals [6]. Effects of cold temperature on the
ion-exchange equilibria of copper with clinoptilolite in
natural and pretreated sodium forms were investi-
gated [7]. Removal of heavy metal from contaminated
groundwater is made possible on activated sludge by
bio-sorption process which depended on the complex
substance formed by the heavy metal and functional
groups such as carboxyl, hydroxyl and phenolic of
extracellular polymeric substance [8]. The potential
application of activated carbon in permeable adsorb-
ing barrier for the removal of cadmium was investi-
gated. The adsorption isotherms of this material are
experimentally determined and a theoretical model is
proposed for the interpretation of experimental results
[9]. The results of a column reactor test, aiming at
evaluating the performance of a low-cost waste mate-
rials permeable barrier, for Cr(VI) removal from con-
taminated groundwater were presented. These
materials were included green compost, produced as
amendment for agricultural use, and siliceous gravel
which tested as reactive medium in the experimental
activity [10]. The potential use of the immobilized
Mentha arvensis distillation waste biomass for
removal and recovery of Cu(II) and Zn(II) from aque-
ous solution was evaluated [11]. A continuous column
experiment was carried out under dynamic flow con-
ditions in order to study the efficiency of low-cost
PRBs to remove several inorganic contaminants from
acidic solutions. A 50:50 w/w waste iron/sand mix-
ture was used as candidate reactive media in order to
activate precipitation and promote sorption and reduc-
tion–oxidation mechanisms [12]. The optimal weight
ratio between iron and pumice in nickel removal from
contaminated groundwater in order to balance the
preservation of the hydraulic conductivity (favoured
by increasing the pumice content of the mixture) and
the removal efficiency (favoured by increasing ZVI
content) was evaluated [13]. The performance of zeo-
lite PRB in removing cadmium from a contaminated

shallow aquifer was studied. Batch tests have been
performed to characterize the equilibrium sorption
properties of the zeolite in cadmium-containing aque-
ous solutions. A 1D numerical finite difference model
was developed to describe pollutant transport within
groundwater taking pollutant sorption on the PRB into
account [14]. Many organic reactive materials such as
agricultural products and by-products, sewage sludge
and organic wastes [15–17] were used to study the
metal removal from aqueous solutions under different
conditions.

However, the regular biological activities of muni-
cipal wastewater treatment plants release large quanti-
ties of by-product biomass wastes, which represent
both a solid waste and a pollutant. For example, this
waste generated from Al-Rostomia’a third extension
municipal treatment plant, Baghdad/Iraq was col-
lected in 14 units of drying beds. The size of each unit
was 350m l × 25mW ×1m D. One can be expected
the huge generated quantities of this material which
be banished to the ecosystem. Thus, re-using of this
waste as a reactive medium in PRBs is attractive in
terms of sustainable development and reduced
disposal costs.

Accordingly, the significance of the present study
are: (1) investigating the potential application of gran-
ular dead anaerobic sludge (GDAS) bio-sorbent as an
inexpensive material in PRBs for the removal of lead
(Pb2+) from the contaminated groundwater; (2) finding
the predominant functional groups are responsible of
Pb2+ removal in the GDAS bio-sorbent depended on
the Fourier transform infrared spectroscopy (FTIR)
analysis; and (3) characterizing the 1D equilibrium
transport of Pb2+ theoretically, using computer solu-
tions (COMSOL) Multiphysics 3.5a (2008) software,
and experimentally through simulated subsurface aquifer
and GDAS barrier under saturated condition.

2. Experimental work

2.1. Materials

The GDAS was dried at 25˚C temperature for 5 d
and then sieved into (1/0.6) mm diameter mesh. This
portion was washed five times in distilled water and
dried at 70˚C for 6 h prior to usage [18]. Table 1 shows
the physical and chemical characteristics of GDAS
used in the present study.

The sandy soil, with composition and properties
shown in Table 2, was used as aquifer in the
conducted experiments. This soil had a particle size
distribution ranged from 63 μm to 0.71mm with an
effective grain size, d10, of 110 μm, a median grain
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size, d50, of 180 μm and a uniformity coefficient,
Cu = d60/d10, of 1.73.

Lead was selected as a representative of heavy
metal contaminants. To simulate the water’s lead con-
tamination, a solution of Pb(NO3)2 (manufactured by
BDH, England) was prepared and added to the speci-
men to obtain representative concentration.

2.2. Batch experiments

These tests were carried out to specify the best
conditions of contact time, initial pH of the solution,
initial concentration, dosage and agitation speed. Six
flasks of 250ml are employed. Each flask is filled
with 100ml of lead solution which has initial concen-
tration of 50mg/l. About 0.25 g of adsorbent was
added into different flasks. These flasks were kept
stirred in the high-speed orbital shaker at 250 rpm
for different periods of time. A fixed volume (20ml)

of the solution was withdrawn from each flask. This
withdrawn solution was filtered to separate the
adsorbent and a fixed volume (10ml) of the clear
solution was pipetted out for the concentration deter-
mination of lead ions still present in solution. The
measurements were carried out using atomic absorp-
tion spectrophotometer (AAS) (SHIMADZU, JAPAN).
These measurements were repeated for two times
and average value has been taken. However, the
adsorbed concentration of metal ion on the reactive
material was obtained by a mass balance. Kinetic
studies were investigated with different values of pH
(3, 4, 5, 6 and 7), initial concentration of Pb2+ (50,
100, 150, 200 and 250mg/l), adsorbent dosage (0.15,
0.25, 0.5, 1, 2 and 3 g per 100ml) and agitation speed
(0, 50, 100, 150, 200 and 250 rpm).

From the best experimental results, the amount of
metal ion retained in the GDAS phase, qe, was calcu-
lated using the following equation [19]:

qe ¼ Co � Ceð ÞV
m

(1)

where Co and Ce are the initial and equilibrium
concentrations of lead in the solution (mg/l), V is the
volume of solution in the flask (L) and m is the mass
of GDAS in the flask (g).

2.3. Description of sorption data

Six isotherm models were used for the description
of sorption data. A summary of these models was pre-
sented by Hamdaoui and Naffrechoux [20] as follows:

� Langmuir model: assumes uniform energies of
adsorption onto the surface and no transmigra-
tion of adsorbate in the plane of the surface. It
can be written as follows:

Table 1
Physical and chemical characteristics of GDAS

Value

Physical properties
Actual density, (kg/m3) 1,742
Apparent density, (kg/m3) 610
Surface area, (m2/g) 94.53
Particle porosity 0.65
Bed porosity 0.45
Average particle diameter, mm 0.775
Pore volume, (cm3/g) 0.544

Chemical properties
pH 7.5
Ash content, (%) 12
Cation exchange capacity, CEC (meq/100 g) 51.15
Organic volatile solid, (V.S, 106 mg/l) 0.135
Non-volatile solid, (N.V.S, 106 mg/l) 0.018

Table 2
Composition and properties of the soil used in the present study

Property Value

Particle size distribution (ASTM D 422)
Sand (%) 95
Silt and clay (%) 5
Hydraulic conductivity(coefficient of permeability) (m s−1) 4.22 × 10−5

Cation exchange capacity (meq/100 g) 1.56
pH 8.65
Organic content (ASTM D 2974) (%) 0.26
Mass density (g/cm3) 2.65
Bulk density (g/cm3) 1.563
Porosity of aquifer (nA) 0.41
Soil classification Sand
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qe ¼ qmbCe

1þ bCe
(2)

where qm is the maximum adsorption capacity (mg/g)
and b is the constant related to the free energy of
adsorption (l/mg).

� Freundlich model: is quantified by:

qe ¼ KFC
1=n
e (3)

where KF is the Freundlich sorption coefficient and n
is an empirical coefficient indicative of the intensity of
the adsorption.

� Elovich model: is based on a kinetic principle
assuming that the adsorption sites increase expo-
nentially with adsorption, which implies a multi-
layer adsorption. It can be expressed as follows:

qe
qm

¼ KECeexp � qe
qm

� �
(4)

where KE is the Elovich equilibrium constant (l/mg)
and qm is the Elovich maximum adsorption capacity
(mg/g).

� Temkin model: assumes that the heat of
adsorption of all the molecules in the layer
decreases linearly with coverage due to adsor-
bent–adsorbate interactions, and that the adsorp-
tion is characterized by a uniform distribution of
the binding energies, up to some maximum
binding energy. This model is given by:

h ¼ RT

DQ
lnKoCe (5)

where θ (=qe/qm) is the fractional coverage, R is
the universal gas constant (kJ mol−1 K−1), T is the

Fig. 1. Schematic diagram of the laboratory-scale column.
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temperature (K), ΔQ is the variation of adsorption
energy (kJ mol−1) and Ko is the Temkin equilibrium
constant (l/mg).

� Kiselev model: is known as the adsorption iso-
therm in localized monomolecular layer and can
be expressed by:

k1Ce ¼ h
1� hð Þ 1þ knhð Þ (6)

where k1 is the Kiselev equilibrium constant (l/mg), θ
(=qe/qm) is the fractional coverage and kn is the
constant of complex formation between adsorbed
molecules.

� Hill–de Boer model: describes the case where there
are mobile adsorption and lateral interaction
among adsorbed molecules. This model is given
by:

k1Ce ¼ h
1� h

exp
h

1� h
� k2h

RT

� �
(7)

where k1 is the Hill–de Boer constant (l/mg) and k2 is
the energetic constant of the interaction between
adsorbed molecules (kJ/mol).

2.4. Continuous experiments

Fig. 1 shows the schematic diagram of the reac-
tor set-up used in the present study. This set-up is
constructed of Perspex cylinder having height and
diameter equal to 50 and 5 cm, respectively. The

column is equipped with six sampling ports at the
distance of 5 (port 1), 10 (port 2), 20 (port 3), 30
(port 4), 40 (port 5) and 45 cm (port 6) from the bot-
tom. These ports should be constructed of stainless
steel fittings which blocked with Viton stoppers.
Sampling was carried out at specified periods from
sampling ports using needle to be inserted into the
centreline of the column. The column was packed
with sandy soil as aquifer and GDAS as barrier in
the configuration and alignment illustrated in Fig. 1.
Then, distilled water was fed slowly into the bottom
of the column and forced upward through the med-
ium, pushing the air in front of it. The contaminated
solution with Pb2+, which simulated the contami-
nated groundwater, was introduced into the column
from certain reservoir. The flow rate from this
reservoir, which is placed at the elevation higher
than the level of column outlet, was controlled by
valve 1, valve 2 and flow meter. Three values of
flow rate (5, 10 and 15ml/min) are selected and
artificial contaminated water was flushed the column
for each experiment. Monitoring of Pb2+ concentra-
tion along the length of the column in the effluent
from sampling ports was conducted for a period of
7 d. The water samples were taken regularly (after 1,
2, 5 and 7 d) and analysed by AAS. The filling
material in the column was assumed to be homoge-
neous and incompressible and constant over time
for water-filled porosity. All tubing and fitting for
the influent and effluent lines should be composed
of an inert material.

A tracer experiment, adopted the same procedure
of Ujfaludi in 1986, was performed to determine the
effective Longitudinal dispersion coefficient for the
sandy soil and GDAS [21].

Fig. 2. FTIR spectra of GDAS before and after bio-sorption of lead.
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3. Results and discussion

3.1. Fourier transform infrared (FTIR) analysis

This analysis has been considered as a kind of
direct means for investigating the sorption mecha-
nisms by identifying the functional groups responsi-
ble for metal binding [22]. Infrared spectra of
GDAS samples before and after bio-sorption of Pb+2

were examined using (SHIMADZU FTIR, 8000 series
spectrophotometer). These spectra were measured
within the range 400–4,000 cm−1 as shown in Fig. 2.
The infrared spectrum and functional group
assigned for adsorption can be summarized as:
514.33 (alkyl halides), 796.54 (phosphines), 875.62
(aromatic), 1028.11 (alcohol, carboxylic acid), 1086.01
(alcohol), 1421.03 (carboxylic acid), 1641.65 (alkane),
1800.99 (carboxylic acid), 2364.06 (alkane), 2519.21
(carboxylic acid), 2855.78 (alkane), 2922.23 (alkane)
and 3740.11 (carboxylic acid) [23].
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Fig. 3. Removal efficiency of lead on GDAS as a function
of contact time and initial pH.
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Fig. 4. Effect of GDAS dosage on removal efficiencies of
Pb+2.
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Fig. 5. Effect of initial concentration on removal efficiency
of Pb+2 on GDAS.
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Fig. 6. Effect of agitation speed on percentage removal of
Pb+2.

Table 3
Parameters of isotherm models for the bio-sorption of Pb2+

onto GDAS and soil

Isotherm model Parameter

Pb+2 ions

GDAS Soil

Langmuir b (l/mg) 0.0349 0.0133
qm (mg/mg) 0.1116 0.0308
R2 0.9914 0.9893

Freundlich KF (mg/mg)(l/mg)1/n 0.0079 0.0016
n 3.0650 2.5893
R2 0.9893 0.8623

Elovich qm (mg/mg) 0.0090 –
KE (l/mg) 1.4670
R2 0.9555

Temkin ΔQ (kJ/mole) 14.6770 –
Ko (l/mg) 1.0009
R2 0.9658

Kiselev k1 (l/mg) 0.2785 –
kn −0.8790
R2 0.9123

Hill-de Boer k1 (l/mg) 0.0136 –
k2 (kJ/mole) 24.7274
R2 0.9345
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Fig. 7. Calculated normalized concentration of lead along the length of the column with and without presence of PRB at
different values of flow rate.
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3.2. Influence of batch operating parameters

3.2.1. Effect of contact time and initial pH of solution

Fig. 3 shows the effect of contact time and initial
pH of solution on lead sorption using 0.25 g of GDAS
added to 100ml of metal solution for batch tests at
25˚C. This figure shows that the adsorption rate was
very fast initially and it increased with increasing of
contact time until reached the equilibrium time
(= 2 h). This may be due to the presence of large num-
ber of adsorbent sites available for the adsorption of
metal ions. As the remaining vacant surfaces decreas-
ing, the adsorption rate slowed down due to forma-
tion of replusive forces between the metals on the
solid surfaces and in the liquid phase [24]. Also, the
increase in the metal removal as the pH increases can
be explained on the basis of a decrease in competition
between proton and metal species for the surface sites,
and the decrease in positive surface charge, which
results in a lower columbic repulsion of the sorbing
metal [25]. However, further increase in pH values
would cause a decreasing in removal efficiency. This
may be attributed to the formation of soluble hydroxy
complexes which are precipitated from the solution
making true sorption studies impossible [26]. It is
clear from this figure that the maximum removal effi-
ciency of lead was achieved at initial pH of 5.

3.2.2. Effect of GDAS weight

Fig. 4 presents the removal efficiency of Pb+2 as a
function of different weights of GDAS ranged from
0.15 to 3 g added to 100ml of metal solution. It can be
observed that removal efficiency of the GDAS
improved with increasing adsorbent dosage from 0.15
to 0.5 g for a fixed initial metal concentration. This
was expected due to the fact that the higher dose of
adsorbents in the solution, the greater availability of
sorption sites.

3.2.3. Effect of initial lead concentration

Fig. 5 explains that the removal efficiency of Pb+2

decreased from 97 to 65% with increasing the initial
concentration from 50 to 250mg/l. This figure repre-
sents saturation of the active sites available on the
GDAS samples for interaction with ions of contami-
nant. These results indicate that energetically less
favourable sites become involved with increasing con-
centrations in the aqueous solution [27].

3.2.4. Effect of agitation speed

Fig. 6 shows that about 26% of the lead was
removed before shaking (agitation speed= zero) and
the uptake increases with the increase of shaking rate.
There was gradual increase in contaminants uptake
when agitation speed was increased from 0 to 250 rpm
at which about 97% of Pb+2 has been removed. This
can be attributed to improving the diffusion of ions
towards the surface of the reactive media and, conse-
quently, proper contact between ions in solution and
the binding sites can be achieved.

3.3. Sorption isotherms

The sorption data for lead ions on GDAS are fitted
with a linearized form of (Langmuir, Freundlich,
Temkin, Elovich, Kiselev and Hill-de Boer) models
adopted here. Additionally, the sorption data of sandy
soil are fitted only with Langmuir and Freundlich
models. Table 3 presents the fitted parameters and
coefficient of determination (R2) for each model. It is
clear that the Langmuir isotherm model provided the
best correlation in compared with other models for
lead bio-sorption on the GDAS and soil. Accordingly,
the Langmuir isotherm model will be used to describe
the sorption of lead on these media in the partial
differential equation (PDE) governed the transport of
a solute in the continuous mode.
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3.4. Longitudinal dispersion coefficient

Results of the experimental runs concerned the
measurement of longitudinal dispersion coefficient
(DL) at different values of velocity (V) for soil and
GDAS are taken a linear relationship as follows:

DL ¼ 6:490V þ 0:5325 R2 ¼ 0:9960 for soil (8)

DL ¼ 17:511V þ 0:0225 R2 ¼ 0:9903 for GDAS (9)

These equations are taken the general form of
longitudinal hydrodynamic dispersion coefficient as
follows:

DL ¼ aLV þD� (10)
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where D* is the effective molecular diffusion coefficient.
This means that the longitudinal dispersivity (αL) is
equal to 6.49 cm for soil and 17.511 cm for GDAS.

3.5. Modelling application

The contaminant migration in a porous medium is
due to advection–dispersion processes; therefore,
considering a 1D system, the dissolved lead mass bal-
ance equation may be written, as follows [28]:

Dz
@2CPb

@z2
� Vz

@CPb

@z
¼ @CPb

@t
þ qb

n

@q

@t
(11)

where Dz is the dispersion coefficient in the direction z, Vz

is the velocity of flow, CPb represents lead mass concen-
tration in water, q the lead concentration on solid and
ρb the dry adsorbing material bulk density.

Under isotherm conditions, q in the second term
on the right hand side of this equation can be substi-
tuted by Langmuir model (Eq. 2). The initial liquid
and solid lead concentrations are assumed to be zero
throughout the entire flow domain and the boundary
conditions used in COMSOL Multiphysics 3.5a are
reported in Eq. (12):

Lower boundaryð@ z ¼ 0Þ : CPb ¼ 50mg/l

Upper boundaryð@ z ¼ 45cmÞ
: advective flux ði.e. @CPb

@z
¼ 0Þ

(12)

Interior boundaries in the barrier zone (i.e. @ z = 30
and 40 cm): continuity.

Fig. 7 reports the concentration lines of lead in the
aquifer, calculated by COMSOL package, with and
without presence of PRB at flow rate equal to 5, 10
and 15ml/min after many time intervals. This figure
illustrates the important role of the barrier in restrict-
ing the propagation of contaminant plume. It also
seems that the increased value of flow rate will
increase the velocity of flow and, consequently, this
will increase the propagation of contaminant front.

Effect of PRB thickness, varied from 10 to 35 cm,
on lead treatment in the down gradient of barrier
(z = 40 cm) for flow rate equal to 10ml/min as the
example illustrated in Fig. 8. It is clear that thicker
PRB shows better lead treatment than the thinner
ones. The thicker PRB provides better lead treatment
performance because the lead solution has greater
retention time that allows better adsorption process in

the PRB. However, it seems that this barrier starts to
saturate with increasing the travel time and this
means that the lead retardation factor was reduced,
indicating a decrease in the percentage of GADS func-
tionality for contaminant retardation.

Comparison between the predicted and experimen-
tal results for Pb+2 concentrations during the migra-
tion of the contaminant plume at different values of
time periods and flow rates along the tested column
are depicted in Fig. 9. It is clear from this figure that
there is a good agreement between these results with
root mean square error (RMSE) [29] not exceeded the
0.0499.

4. Conclusions

(1) Contact time, initial pH of the solution, initial
metal ion concentration, GDAS dosage and
agitation speed were most of the parameters
affected on the sorption process between
Pb+2 ions and GDAS. The best values of
these parameters that will achieve the maxi-
mum removal efficiency of Pb+2 (=97%) were
2 h, 5, 50mg/l, 0.5 g/100ml and 250 rpm,
respectively.

(2) Lead sorption data on the GDAS and soil
were correlated reasonably well by the Lang-
muir sorption isotherm with coefficient of
determination (R2) equal to 0.9914 and 0.9893,
respectively.

(3) FTIR analysis proved that the alkyl halides,
phosphines, aromatic, alcohol, carboxylic acid
and alkane groups are responsible for the bio-
sorption of lead onto GADS.

(4) The results of 1D numerical model, solved by
COMSOL Multiphysics 3.5a under equilib-
rium condition, proved that the GDAS barrier
is efficient technique in the restriction of con-
taminant plume. These results explained that
the thicker PRB shows better lead treatment
than the thinner ones and the barrier starts to
saturate with contaminant as a function of the
travel time. A good agreement between the
predicted and experimental results was recog-
nized with RMSE not exceeded the 0.0499.
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