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a b s t r a c t
This study comparatively investigated naproxen (NPX) degradation by UV/persulfate (UV/PS) and 
UV/H2O2 processes under different conditions. Direct UV photolysis of NPX was limited. The deg-
radation rate of NPX was largely enhanced by UV/PS and UV/H2O2 processes due to high-reactive 
radicals (SO4

●– or/and •OH) formed. The second-order rate constants of NPX with SO4
●– and •OH 

were determined as 7.81 × 109 and 6.22 × 1010 M–1 s–1, respectively. The pseudo-first-order rate constant 
(k) of NPX increases linearly with the initial concentration of PS in UV/PS process, whereas the k in the 
UV/H2O2 process contains the best dosage of H2O2. Acidic conditions were found to be favorable for 
NPX removal in UV/PS process, while the maximum NPX removal was observed at pH 6 in UV/H2O2 
process. Further, the Cl– promotes NPX degradation in both of the processes, and the effect of HCO3

– 
on degradation of the NPX was opposite in two processes. Humic acid shows a higher inhibition 
in UV/H2O2 process in comparison with that in UV/PS process. The lower mineralization efficiency 
indicates that the products of NPX were more reluctant to the two systems compared with its parent 
drug. These results indicated that both processes are potential alternatives to control water pollution 
contaminated by drugs such as NPX.
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1. Introduction

Naproxen (NPX), a non-steroidal anti-inflammatory 
drug (NSAIDs), is mostly used in medical care as an anal-
gesic, antiarthritic and antirheumatic [1]. Like other drug 
products, NPX can enter into the sewer system through urine 
and faeces that are discharged into wastewater treatment 
plants. Unfortunately, our conventional water/wastewater 
treatment processes are not specifically focused on remov-
ing these drugs. Therefore, these drugs may remain in the 

effluents after the treatment [2]. In the recent past, NPX has 
been detected in a variety of environmental water at concen-
trations ranging between ng L–1 and μg L–1 [3,4]. Similar to 
the other NSAIDs, its presence may bring about a potential 
harmful effect on human health and ecosystems [5,6]. It has 
been reported that people who ingest trace amounts of NPX 
for a long time may develop a risk of having heart attacks 
or strokes as compared with those other people who are not 
exposed to the NPX drug [7]. There is need to pay more atten-
tion on the development of effective remediation technology 
for removal of NPX in the aquatic environment, so that its 
risks and prospective adverse effects on people are reduced.



Y.Q. Gao et al. / Desalination and Water Treatment 80 (2017) 317–325318

Advance oxidation processes (AOPs) have attracted con-
siderable attention for their effective destruction and miner-
alization of organic contaminants. Among a range of AOPs, 
UV-based oxidation process has a higher potential due to its 
high treatment efficiency and low cost [8]. Generally, organic 
contaminants can be degraded through direct photolysis in 
aquatic environment, where its degradation efficiency will 
mostly depend on the compound’s capacity to absorb pho-
tons of the incident light [9]. In as much as UV irradiation is 
capable of destructing organic compounds, under UV-254 nm 
irradiation, the addition of H2O2 can also greatly improve the 
degradation efficiency through the formation of hydroxyl 
radicals (•OH) (Eq. (1)). This is because it has a high redox 
potential of 2.8 V [10], and can, therefore, easily and non- 
selectively oxidize a large variety of organic contaminants. 
Recently, another oxidant, persulfate (PS), has attracted atten-
tion of researchers and scholars because of its longer half-life 
in the subsurface water/soil as compared with that of H2O2. 
As different from H2O2, PS has several advantages, including 
easy storage and transport due to its moderate stability in 
the ambient temperature, high water solubility as well as low 
cost [11]. Even though PS is stable under normal conditions, 
sulfate radical (SO4

●–) can, however, be generated by UV irra-
diation [12] (Eq. (2)), as well as other activation methods, like 
heat [13] and transition metals [14]. SO4

●– has a high redox 
potential of 2.6 V, which is close to that of •OH, and it exhib-
its an excellent removal efficiency towards most of organic 
pollutants in water [12–14].

H O h 2 OH2 2 + → •ν  (1)

S O h 2SO2 8
2

4
− •−+ →ν  (2)

The aim of this study is to comparatively investigate NPX by 
UV/PS and UV/H2O2 processes. Quantum yield of NPX by 
UV irradiation was calculated. Second-order rate constants 
of NPX with SO4

●– and •OH were also determined by com-
petition kinetics experiment. The key factors, namely oxidant 
concentration, pH, anions and humic acid (HA), on the NPX 
degradation efficiency by UV/PS and UV/H2O2 processes 
were compared. We also evaluated the two processes used in 
removal of NPX in natural water. Finally, the mineralization 
of NPX by the two processes was assessed.

2. Materials and methods

2.1. Chemicals

NPX was purchased from Sigma-Aldrich (St Louis, 
Missouri, USA) and the selected physicochemical proper-
ties were listed in Table 1 [15]. High-performance liquid 

chromatography (HPLC)-grade acetonitrile, used as the 
mobile phase, was also obtained from Sigma-Aldrich. Then, 
atrazine, sodium persulfate, hydrogen peroxide (H2O2, 30%), 
methanol (MeOH) and tert-butanol (TBA) had been acquired 
from Shanghai Jingchun Industry Co., Ltd. (Shanghai, 
China). Ultrapure water produced from a Millipore water 
purification system (18.2 MΩ cm, Billerica, MA, USA) was 
used in the preparation of the solutions.

2.2. Experimental procedures

UV/PS and UV/H2O2 tests were performed in a collimated 
beam apparatus equipped with a low-pressure UV–mercury 
lamp [16]. The average UV fluence rate value of the lamp 
was about 4.46 × 10–8 E L–1 s–1, measured through the atrazine 
actinometer method [8], and the correspondence of UV inten-
sity was 261 μW cm–2. The optical path length of the reactor 
was determined to be 12.4 cm by using H2O2 as an actinom-
eter [17]. A minimum of 30 min warm-up time ascertained 
a stabilized UV emission output. In the treatment process, a 
reactor containing 20 μM NPX solution was put under the 
lampshade. Oxidant stock solution (PS or H2O2) was freshly 
prepared immediately before use. Appropriate volumes of 
oxidant stock solutions were pre-added into the NPX solution. 
A gentle stirring made sure that the solution was completely 
mixed. The oxidation was initiated once the Petri dishes were 
moved under the UV lamps. The solution pH was adjusted 
by 10 mM phosphate buffer. At the predetermined time inter-
vals, 0.8 mL solution was sampled and quenched by 0.2 mL 
methanol that was pre-filled in sample bottles before HPLC 
analysis. All the experiments were conducted in duplicate. 
The mean values were recorded and reported.

2.3. Analytical methods

NPX and atrazine were analyzed using a HPLC (Waters 
e2695, USA) equipped with a Symmetry C18 column 
(4.6 mm × 250 mm, 5 μm, Waters, USA) by a UV detector 
wavelength of 230 and 223 nm, respectively. The value of 
limit of quantitation (LOQ, S/N = 10) for NPX was 5.6 μg L–1. 
The mobile phase for NPX consisted of 70%/30% (v/v) ace-
tonitrile and 0.1% formic acid in Milli-Q water at a flow rate 
of 0.8 mL min–1. The mobile phase for atrazine consisted 
of 60%/40% acetonitrile and Milli-Q water at a flow rate of 
0.8 mL min–1. The sample injection volume was 10 μL. Total 
organic carbon (TOC) was measured by a TOC analyzer 
(Shimadzu TOC 5050A) with autosampler ASI5000. The PS 
concentration was determined spectrophotometrically with 
the iodometric titration method modified by Liang et al. [18], 
and the concentration of H2O2 was determined spectrophoto-
metrically by use of the titanium oxalate method [19].

3. Results and discussion

3.1. Degradation of NPX by UV, UV/PS and UV/H2O2

First, we examined the direct UV photolysis of NPX 
as illustrated in Fig. 1(b). UV photolysis of NPX followed 
a pseudo-first-order reaction with the rate constant (k) of 
0.00238 min–1, indicating that only 13.0% of NPX could 
be removed under 1 h UV irradiation alone. In UV direct 

Table 1
Selected physicochemical properties of NPX

Chemical 
formula

Chemical 
structure

Molar mass 
(g mol–1)

Log Kow pKa

C14H14O3 230.26 3.18 4.45
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photolysis, the removal efficiency of the contaminant largely 
depends on two key parameters; molar coefficient and quan-
tum yield [20]. For this study, the molar adsorption coeffi-
cient (ε254 M–1 cm–1) of NPX was measured as 4,818 M–1 cm–1 
(pH 7). According to Eq. (3), the quantum yield (Ф254, mol E–1) 
of NPX can be calculated as 0.0065 mol E–1 [21], which corre-
sponds with the results of Pereira et al. [22] (0.0093 ± 0.0027). 
Therefore, the relatively low quantum yield of NPX can 
explain the low efficiency of NPX by direct UV photolysis.

ln 2.303 2.3030 app

c
c

LI t q t k tt

0

= = = −− ε − εΦ Φ  (3)

where ct is the concentration of NPX (mol L–1) at time t, 
c0 is the initial concentration of NPX (mol L–1), kapp is the 
pseudo-first-order rate constant (min–1), I0 is the average 
photonic intensity per volume (E L–1 s–1), L is the reactor 

optical light path (cm), q is the photon flux (E s–1 cm–2), ε is 
the molar extinction coefficient of organic material for UV 
(L mol–1 cm–1) and Ф is the quantum yield of photodegrada-
tion for UV (mol E–1).

The degradation of NPX by UV/PS and UV/H2O2 pro-
cesses was compared with direct UV photolysis (as shown 
in Fig. 1). In the control experiment, there was no change 
of NPX concentration in the presence of 2 mM oxidant 
([Oxidant]0/[NPX]0 = 100) without UV irradiation. We can 
notice that the degradation of NPX in UV/PS and UV/H2O2 
processes also followed the pseudo-first-order kinetics. The 
addition of PS and H2O2 obviously increased the degradation 
rates from 0.00238 to 0.0542 and 0.0428 min–1, respectively, 
due to the generation of highly reactive SO4

●– and •OH 
(Eqs. (1) and (2)). Furthermore, the degradation rate of NPX 
in the UV/PS system was higher than that in the UV/H2O2 
system under the same amount of oxidant. To approximate 
the costs involved in practice, an economic comparison of 
three systems was conducted by determining the electrical 
energy per order (EE/O) (Eq. (4)) [23]:

EE/O = Pt
V  (4)

where P is the electrical power (kW), t is the irradiation time 
(h) and V is the volume of treated solution (m3). The EE/O and 
cost by three different systems are summarized in Table 2. As 
observed in Table 2, we realized that UV/PS was the most 
economical system among three systems.

3.2. Rate constants of NPX with SO4
●– and •OH

Considering the direct photolysis of NPX at 254 nm, the 
second-order rate constants of NPX with SO4

●– and •OH 
were determined by competition kinetics, according to 
Eq. (5) [9]. Atrazine (ATR) was chosen as the reference for 
the rate constants determination. The second-order rate con-
stants of SO4

●– and •OH with ATR were found to be 1.4 × 109 
and 1.8 × 1010 M–1 s–1, respectively [24,25].

k(SO /NPX)
k(SO /ATR)

ln([NPX] /[NPX] ) ln([NPX] /[NPX]4

4

0 t 0
•−

•−
=

− tt

0 t 0 t

NPX NPX, D

ATR

ln([ATR] /[ATR] ) ln([ATR] /[ATR]
k k
k

)
)

'

'−

=
−

− kkATR, D
 

(5)

Fig. 1. (a) Degradation of NPX by UV, UV/PS and UV/H2O2. 
(b) Linear plots of NPX degradation in the different systems. 
Conditions: [NPX]0 = 20 μM, [PS]0 = [H2O2]0 = 2 mM, pH = 7.

Table 2
Economic comparison of removing NPX in water by three 
systems

Adopted 
process

EE/O (kWh 
m–3 order–1)

Electricity 
costa ($ m–3)a

Oxidant 
costsb ($ g–1)

UV alone 1.21 × 104 1.21 × 103 –
UV/PS 5.31 × 102 53.1 0.006656
UV/H2O2 6.73 × 102 67.3 0.008439

aElectricity cost ($ m–3) = EE/O (kWh m–3) × 0.1 ($ kWh–1), where 
0.1 ($ kWh–1) is power cost.
bThe price of oxidant was supplied by Sinopharm Chemical Reagent 
Co. Ltd., Shanghai, China.
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where k(SO4
●–/NPX), k(SO4

●–/ATR) represent the second- 
order rate constant for NPX and ATR with SO4

●–, respectively, 
kNPX, kATR, kNPX,D, kATR,D denote the observed rate constants in 
UV/PS and that in the UV only, respectively. Since parts of 
SO4

●– can be converted to •OH in the UV/PS system, TBA 
was used as the •OH quenching reagent for its reactivity 
with •OH (k(•OH/TBA) = 6.0 × 108 M–1 s–1 at pH 7) which 
is almost three orders of magnitude higher than that with 
SO4

●– (k(SO4
●–/TBA) = 8.4 × 105 M–1 s–1 at pH 7) [26,27]. Fig. 2 

illustrates the plots of kNPX–kNPX,D vs. kATR–kATR,D for the deter-
mination of the second-order rate constants of NPX with 
SO4

●– and •OH. The plot of kNPX–kNPX,D vs. kATR–kATR,D yielded 
a straight line with a slope that can determine the second- 
order rate constants of SO4

●– and •OH with NPX.
For the case of SO4

●–, the determined second-order rate 
constant with NPX is 7.81 × 109 M–1 s–1. Similarly, the second- 
order rate constant between NPX and •OH of 
6.22 × 1010 M–1 s–1 was determined. It is noticeable that the 
second-order rate constant with •OH was nearly eight times 
higher than that with SO4

●–. However, a higher removal rate 
was observed during the UV/PS process than that during the 
UV/H2O2 process (as depicted in Fig. 1). Two reasons may 
justify our findings. First, the production yield of SO4

●– in the 
UV/PS process is higher than the production yield of •OH in 
the UV/H2O2 process. This is because the radical formation 
quantum yield of SO4

●– (ε = 20 M–1 cm–1 and Ф = 1.4) is higher 
than that of •OH (ε = 19.6 M–1 cm–1 and Ф = 1.0) [28,29]. Second, 
the self-scavenging of SO4

●– by S2O8
2– in the UV/PS process is 

greatly lower than the self-scavenging of •OH by H2O2 in the 
UV/H2O2 process. This is also validated by the fact that the 
evolution of oxidant concentrations during 1 h reaction (inset 
of Fig. 1(a)). We can notice that the total consumption of PS was 
slightly higher than that of H2O2 under the same conditions.

3.3. Effect of oxidant concentration

The effect of oxidant concentration on the NPX degrada-
tion in the range of 0.2～8 mM ([Oxidant]0/[NPX]0 = 10～400) 
by UV/H2O2 and UV/PS processes are shown in Fig. 3.

The degradation rate constant of NPX increases from 0.0241 
to 0.214 min–1 in the UV/PS system with the initial PS concentra-
tion increasing from 0.5 to 8 mM ([Oxidant]0/[NPX]0 = 10～400). 
This enhancement in NPX degradation is attributable to the 
generation of SO4

●– or/and •OH radicals as the molar ratio 
of PS to NPX increased. We can also observe in the inset of 
Fig. 3(a) that the increasing trends were linear with the initial 
concentration of PS (k = 0.0263[PS]0 + 0.01, R2 = 0.99).

In the UV/H2O2 system, the degradation rate of 
NPX also increased from 0.0203 to 0.0913 min–1, with an 
increase in the initial H2O2 concentration from 0.5 to 6 mM 
([Oxidant]0/[NPX]0 = 10～300). Nevertheless, unlike NPX 
degradation in UV/PS system, further increase in dosage has 
an adverse effect on the NPX degradation; the degradation 
rate constant of NPX decreases to 0.0854 min–1 when the con-
centration of H2O2 reaches 8 mM ([Oxidant]0/[NPX]0 = 400).

In the UV/H2O2 system, •HO2 (E OH /OH2 2• −= 0.79 V), which is 
less reactive than •OH, is formed at higher H2O2 concentration 

Fig. 2. Determination of the second-order rate constants 
of NPX with SO4

●– and •OH. Conditions: for k(SO4
●–/NPX) 

determination, [NPX]0 = [ATR]0 = 20 μM, [PS]0 = [H2O2]0 = 2 mM, 
[TBA]0 = 100 mM and pH = 7; for k(•OH/NPX) determination, 
[NPX]0 = [ATR]0 = 20 μM, [H2O2]0 = 2 mM and pH = 7).

Fig. 3. Effect of oxidant concentration on NPX degrada-
tion by UV/PS and UV/H2O2. Conditions: [NPX]0 = 20 μM, 
[Oxidant]0 = 0.2～8 mM, pH = 7.
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(Eq. (6)). •HO2 can further go through a chain termination 
reaction to scavenge •OH. In addition, excess of •OH will 
dimerize to H2O2 according to Eq. (7); In the UV/PS system, 
the rate constant between SO4

●– and S2O8
2– (Eq. (8)) as well as 

the self-recombination rate constant of SO4
●– was all less than 

in (Eq. (9)) which occurred in UV/H2O2 system [27,30]. Finally, 
it seems that the PS concentration used here did not reach the 
level that started to slow down the NPX degradation:

• • − −+ → + = ×OH H O H O HO 2 7 1 M s2 2 2 2
7 1 1, .k 0  (6)

• • − −+ → = ×OH OH H O  5 5 1 M s2 2
9 1 1, .k 0  (7)

SO S O SO S O 5 5 1 M s4 2 8
2

4
2

2 8
5 1 1•− − − •− − −+ → + = ×, .k 0  (8)

SO SO S O  6 1 1 M s4 4 2 8
2 8 1 1•− •− − − −+ → = ×, .k 0  (9)

3.4. Effect of pH

The effect of solution pH on the NPX degradation by 
UV/PS and UV/H2O2 processes are shown in Fig. 4.

As presented in Fig. 4, the degradation rate of NPX oxidation 
in UV/PS and UV/H2O2 processes were highly pH-dependent. In 
the UV/PS system, the highest degradation rate of NPX was 
observed at pH 3, while the rate decreased with an increase 
in solution pH, indicating that acidic conditions favored NPX 
degradation. This phenomenon can be clarified clearly. Since 
SO4

●– is the dominant radical species in the acidic and neu-
tral solutions, for negligible reaction between SO4

●– and H2O 
(Eq. (10)), and further increasing pH, •OH can be generated 
through the reaction between SO4

●– and OH– (Eq. (11)), and grad-
ually playing a dominant role. As previously discussed, •OH 
displays a slower rate towards NPX degradation. Additionally, 
the breakdown of PS into SO4

●– can be further acidic-catalyzed 
according to Eqs. (12) and (13) at pH 3 [31]. This can also favor 
NPX oxidation. Thus, these reasons are anticipated to obviously 
decrease NPX degradation efficiency under alkali conditions:

SO H O OH SO H4 2 4
2•− • − ++ → + +  (10)

SO OH OH SO4 4
2•− − • −+ → +  (11)

S O H HS O2 8
2

2 8
− + −+ →  (12)

HS O SO SO H2 8 4 4
2− •− − +→ + +  (13)

In the UV/H2O2 system, the maximum degradation rate 
of NPX occurred at pH 6 (0.0465 min–1). The degradation rate 
increased with pH increasing from 3 to 6, which is probably 
because of the scavenging effect of H+ on •OH becoming less 
significant with the increase of the pH [32]. As derived from 
Nernst equation (Eq. (14)), the redox potential of •OH/H2O at 
pH 3, 6, 7, 8 and 11 are 2.62, 2.45, 2.39, 2.33 and 2.15, respec-
tively (E OH/H O

0
2•  = 2.8 V). Therefore, with the increase in solu-

tion pH, the redox potential of •OH/H2O is expected to also 
decrease, resulting in the decrease in k.

E E 0.059 pHOH OH/H O
0

2• •= −
 (14)

The pKa of H2O2 is 11.65, a considerable amount of H2O2 
(approximate 18.3%), can dissociate in ionic form (Eq. (15)) at 
pH 11 [33]. In this case, •OH will be scavenged by hydrop-
eroxide anion (HO2

–) according to Eqs. (16) and (17) [27]. 
Consequently, it has been reported that the self-decomposition 
rate constant of H2O2 tended to increase with the increasing 
solution pH, especially at a high pH (Eq. (18)) [34]. Thus, 
NPX removal efficiency significantly decreased at pH 11:

H O HO H  pK 11 652 2 2 a↔ + =+− , .  (15)

• − •+ → +OH HO OH HO2 2
−

 (16)

• •+ → +OH HO H O O2 2 2
− −

 (17)

2H O 2H O O2 2 2 2→ +  (18)

3.5. Effect of chloride and bicarbonate

It is important to evaluate the effect of common anions 
in natural water on the degradation efficiency of NPX by 
UV/PS and UV/H2O2 processes. This is because they have 
been proved to have impacts on the removal of organic con-
taminants through SO4

●– and/or •OH–based AOPs [35]. The 
effects of different concentrations of chloride (Cl–) on NPX 
degradation rate by UV/PS and UV/H2O2 processes have 
been illustrated in Fig. 5(a). As observable in the Fig. 5(a), the 
degradation rate of NPX was enhanced under various con-
centrations of Cl– in both systems. In the UV/PS system, with 
the concentration of Cl– increasing to 1, 10 and 100 mM, the k 
increased by 8.84%, 9.20% and 19.7%, respectively. The k also 
increased by 7.14%, 13.20% and 14.51%, respectively, in the 

Fig. 4. Effect of solution pH on NPX degradation by UV/PS and 
UV/H2O2. Conditions: [NPX]0 = 20 μM, [PS]0 = [H2O2]0 = 2 mM, 
pH = 3, 6, 7, 8 and 11.



Y.Q. Gao et al. / Desalination and Water Treatment 80 (2017) 317–325322

UV/H2O2 system. The following reactions (Eqs. (19)–(22)) that 
occurred in both of the systems explain our findings:

SO Cl Cl SO 3 1 M s4 4
2 8 1 1•− • − − −+ → + = ×− k .0 0  (19)

• •− − −+ → = ×OH Cl ClOH 4 3 1 M s9 1 1− k . 0  (20)

ClOH H Cl H O 2 1 1  M s2
9 1 1•− + • − −+ → + = ×k . 0  (21)

ClOH Cl Cl OH 1 1  M s2
4 1 1•− − • − − −+ → + = ×k .0 0  (22)

In the presence of Cl–, both SO4
●– and •OH can react with 

it to generate Cl●, ClOH●– and Cl2
●. Among these reactive rad-

icals, Cl● has a redox potential of 2.4 V. it might also partici-
pate in the NPX degradation. Therefore, except for SO4

●– and 
•OH, Cl● may participate in the degradation of NPX, which 
can accelerate its removal. Similar results were observed by 
other researchers [36].

Noteworthy is that the effect of HCO3
– on NPX degra-

dation rate was opposite in two systems. The HCO3
– has a 

positive effect in the UV/PS system, whereas it shows a neg-
ative effect in UV/H2O2 system. In the presence of 1, 10 and 
100 mM HCO3

–, the k improved by 3.13%, 18.49% and 13.72%, 
respectively in UV/PS system. However, the k dropped by 
8.08%, 26.17% and 29.28%, respectively, in UV/H2O2 system.
The enhancement of NPX degradation in the UV/PS system is 
attributable to the formation of the reactive carbonate species 
(CO3

●–) (Eqs. (23)–(27)) [23]. The CO3
●– has a positive redox 

potential of 1.63 V [37], which can also actively participate in 
the degradation of NPX. Regardless of the rates of reactions 
of HCO3

– with SO4
●– and •OH being comparable, the HCO3

●– 
is found to inhibit the NPX degradation in UV/H2O2 system 
because of the scavenging of •OH (due to their non-selective 
nature) by the other radical species such as HO2

● and O2
●– 

present during the reaction [38].

• − •− − −+ → + = ×OH HCO CO H O 8 5 1  M s3 3 2
6 1 1k . 0

 (23)

• − •− − − −+ → + = ×OH CO CO OH 3 9 1  M s3
2

3
8 1 1k . 0  (24)

SO HCO HCO SO 1 6 1  M s4 3 3 4
2 6 1 1•− − • − − −+ → + = ×k . 0  (25)

SO HCO HCO SO 6 1 1  M s4 3 3 4
2 6 1 1•− − • − − −+ → + = ×k . 0  (26)

HCO CO H 9 5 1  M s3 3
6 1 1•− •− + − −→ + = ×, .pKa 0  (27)

3.6. Effect of humic acid

As illustrated in Fig. 6, the HA is found to be inhibitory to 
the NPX degradation in both systems, with a greater degree 
of inhibition in UV/H2O2 system than in the UV/PS system. 
In the UV/PS system, k decreased from 0.0542 to 0.0365 min–1 
as the HA increased from 0 to 10 mg L–1. And in the UV/H2O2 
system, k decreased from 0.0428 to 0.0241 min–1 when the 
initial HA increased from 0 to 10 mg L–1.

Fig. 5. Effect of (a) Cl– and (b) HCO3
– on NPX degradation by 

UV/PS and UV/H2O2. Conditions: [NPX]0 = 20 μM, [PS]0 = [H2O2]0 
= 2 mM, [Cl–]0 = [HCO3

–]0 = 1, 10 and 100 mM, no pH adjustment.

Fig. 6. Effect of HA on NPX degradation by UV/PS and UV/H2O2. 
Conditions: [NPX]0 = 20 μM, [PS]0= [H2O2]0= 2 mM, [HA]0 = 1, 5 
and 10 mg L–1, pH = 7.
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In general, the effect of HA on targeted compounds in 
UV/oxidants system lies in two aspects. On the one hand, the 
adsorption or complexation between targeted compounds 
and HA promotes the compounds removal. What’s more, 
upon adsorption of UV irradiation, the HA molecules get 
excited and are transformed to various reactive oxygen spe-
cies that improve the degradation rate of targeted compounds 
[39,40]. On the other hand, the carboxyl and hydroxyl func-
tional groups of HA can compete with targeted compounds 
for SO4

●– and •OH, which reduce the degradation efficiency 
of the targeted compounds [41]. Altogether, both synergis-
tic and inhibitory effects of HA on the removal rate of target 
compound exist in the two systems. In addition, the stronger 
inhibition in the UV/H2O2 system may be attributed to the 
scavenging of •OH by HA as the reported rate of reaction of 
HA with •OH being 2.23 × 108 M–1 s–1 as against a lower value 
of 6 × 106 for SO4

●– [38].

3.7. Degradation of NPX with natural water samples

The water quality parameters of the samples as well as 
the calculated pseudo-first-order rate constant are listed in 
Table 3. “Hengshan reservoir” and “Finished water” rep-
resent the water samples before and after treatment in one 
waterworks in Yixing City, Jiangsu Province, China, and 
“Xijiu lake” is a backup water source of the waterworks.

As displayed in Table 3, the actual water illustrated an 
obvious inhibition in the degradation of NPX compared with 
the results obtained in the deionized water. For the UV/PS 
process, the degradation rate was reduced by 45.4%, 36.3% 
and 24.7%, respectively, in three types of water compared 
with the deionized water. For the UV/H2O2 process, the deg-
radation rate was also reduced by 74.5%, 51.6% and 41.8%, 
respectively. It is evident that the organic matter has a higher 
impact on the degradation rate of NPX for both processes 
than any other water qualities. The higher the content of 
organic matter was, the slower the rate of NPX degradation 
obtained. Besides, the UV/H2O2 process tend to have been 
more vulnerable to the constituents of the natural water due 
to the non-selective nature of •OH previously discussed.

3.8. Mineralization of NPX

Fig. 7 depicts that NPX was almost completely removed 
at the first 30 min during the UV/PS process and at the first 
45 min in UV/H2O2 process, respectively. Nonetheless, the 
removal rate of TOC was only 18.3% and 10.9%, respectively, 
even after a 2-h treatment by these two processes. We also 

observed that the UV/PS process demonstrates slightly bet-
ter in TOC removal in this study than the UV/H2O2 process. 
This was consistent with its higher degradation efficiency 
of parent drug. The relatively low mineralization of NPX 
indicates that the intermediates formed during the reactions 
were more reluctant to the two systems as compared with 
its parent drug. Thus, to acquire a higher TOC elimination 
efficiency, the reaction conditions such as adding transition 
metals and increase of oxidant dosage should be carefully 
optimized [42,43].

4. Conclusions

In this study, we compared the degradation of NPX by 
the UV/PS and the UV/H2O2 processes. For removal of NPX 
in water, the UV/PS process was realized to be superior over 
the direct UV irradiation or the UV/H2O2 process in terms 
of degradation efficiency as well as cost. Higher PS dosage 
favored the NPX degradation, whereas an over dosage of 
H2O2 decreased NPX removal. Furthermore, NPX removal 
rate was decreased as the solution pH increased from 3 to 11 
in the UV/PS process, whereas the optimum solution pH was 
6 in the UV/H2O2 process. The water matrix components also 
demonstrated an evident impact on the NPX degradation 
efficiency, which ought to be carefully considered in practi-
cal use. These results demonstrated that the UV/PS and the 
UV/H2O2 processes are potential alternatives in the control of 
pollution brought about by drugs such as NPX.

Table 3
Water quality parameters and pseudo-first-order rate constant of different samplesa

pH Cl– 
(mg L–1)

HCO3
– 

(mg L–1)
DOC 
(mg L–1)

k (min–1)

UV/PS UV/H2O2

Deionized water 7 0 35 0.096 0.0542 0.0428
Xijiu lake 7.86 24 146 15.66 0.0296 0.0109
Hengshan reservoir 7.63 6 126 5.919 0.0345 0.0207
Finished water 7.70 14 134 4.092 0.0408 0.0249

a[NPX]0 = 20 μM, [PS]0 = [H2O2]0 = 2 mM, reaction time = 1 h.

Fig. 7. The evolution of NPX concentration and TOC during the 
UV/PS and UV/H2O2 processes. Conditions: [NPX]0 = 40 μM, 
[PS]0 = [H2O2]0 = 8 mM, pH = 7.
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